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Shifts in rainfall patterns due to climate change are expected to increase drought stress 
and mortality in forests. Concurrent changes to natural and anthropogenic fire regimes 
underscore the potential for large-scale impacts on forest ecosystems and carbon cycling. The 
sensitivity of forests to these changes will require an understanding of tree vulnerability to both 
drought and fire, yet their interaction is rarely considered. This dissertation explores the 
vegetation-mediated effects of fire disturbance on soil carbon storage and the importance of 
drought-fire interactions to tree growth. Through the use of observational, experimental and 
dendroecological methods, I explore the abiotic and biotic mechanisms by which fire influences 
the drought vulnerability of juvenile and adult oaks (Quercus spp.). Specifically, I explore 
linkages between fire-driven shifts in plant functional traits and soil organic carbon stocks.  
To evaluate drought-fire interactions on juvenile trees, I experimentally imposed drought on 
existing and planted seedlings to compare the importance of post-fire resprouting from 
environmental-mediated effects of fire on drought vulnerability. I then examined the impact of 
fire on climate-growth patterns of adult oaks by sampling increment cores from trees within a 
long-term fire manipulation experiment.  
Fire primarily influenced soil carbon stocks directly, likely through combustion, but fire 
was also shown to indirectly influence soil carbon through shifts in understory plant functional 
traits. I demonstrate that planted and small, existing seedlings in burned plots had greater 
drought-induced declines in assimilation and growth rates than individuals in unburned plots, 
likely due to the warmer, drier conditions promoted by burning. The susceptibility of adult tree 
growth to drought, however, was unaffected by fire history and instead, periodic fires reduced 
annual growth by 9.2% during wet periods favorable for growth, an effect attributed to an 
 iii 
observed 26% decline in soil nitrogen availability with fire. Overall, this research highlights that 
fire-driven changes to forest structure and nitrogen (N) cycling have important consequences for 
tree recruitment, growth and forest carbon storage under climate change. Specifically, my work 
finds that climate and fire interact to produce distinctly different impacts on adult versus juvenile 
tree growth. These results suggest that managing forests with frequent fire does little to mitigate 
drought stress and may instead negatively affect C storage. 
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Global climate change is expected to increase precipitation extremes (Singh et al. 2013, 
Fischer et al. 2013) and promote shifts in intra-annual rainfall patterns in North America 
(Huntington 2006, Janssen et al. 2014), with projected large-scale impacts on the productivity 
and functioning of forest ecosystems, including their ability to store carbon (C) (Choat et al. 
2012, Anderegg et al. 2015, Seddon et al. 2016). Even in mesic forests of eastern North America, 
moisture availability has been found to be critical for regeneration dynamics (De Steven 1991), 
compositional change (Booth et al. 2012, Gustafson and Sturtevant 2013), growth and mortality 
(Pedersen 1998, Klos et al. 2009, Pederson et al. 2014) and C sink capacity (Brzostek et al. 
2014).  
Concurrent increases in natural and anthropogenic fire activity (Westerling et al. 2006, 
Melvin 2012, Moritz et al. 2012) underscore the importance of studying the influence of 
disturbance on forest response to climate change. Fire disturbance rates are projected to increase 
in North America (Cohen et al. 2016), due to an elevated risk from changing climate and fuel 
conditions (Westerling et al. 2006) as well as increased incidence of human-ignited wildfires 
(Balch et al. 2017) and prescriptive burns (NIFC 2018). Given fire can have long-lasting effects 
on environmental conditions (Iverson and Hutchinson 2002, Pellegrini et al. 2017), forest 
structure (Knapp et al. 2015) and species composition (Cavender-Bares and Reich 2012), 
increased fire frequency will likely have important consequences for forest ecosystem 
functioning in the context of climate change. 
Fire disturbance may influence the vulnerability of forests to drought through several 




shoot ratios of resprouts, fire exposure can reduce transpiration losses relative to water uptake 
and improve tree seedling water relations  (Reich et al. 1990, Zeppel et al. 2014). Second, by 
topkilling subcanopy trees and increasing insolation to the understory, fire can create a more 
xeric microclimate (Nowacki and Abrams 2008) and exacerbate drought stress in juvenile trees. 
Third, increased fire frequency can reduce nitrogen (N) availability through combustion of 
organic material (Peterson and Reich 2001, Pellegrini et al. 2017), which may intensify drought-
induced N limitation and constrain forest recovery after drought. Finally, fire-driven mortality 
can reduce density-dependent competition among tree which may alleviate competition for water 
during dry periods (Breda et al. 1995, Brose et al. 2013) (Fig. 1.1). Although much is known is 
about fire’s impacts on forests, we lack an understanding of how the effects of fire disturbance in 
turn influence tree drought vulnerability.  
Changes in climate and fire regimes highlight the need for empirical studies on the role of 
climate-disturbance interactions in forest dynamics. In many regions, shifts to the dual 
disturbances of drought and fire are expected to impede tree recruitment with consequences for 
species distributions and forest regeneration (Anderegg et al. 2015). Few empirical studies have 
examined the response of forest dynamics to these dual disturbances, however, resulting in 
considerable uncertainty about how forest ecosystem functioning and C cycling may change in 
the future.  This dissertation evaluates the mediating effect of fire disturbance on the drought 
response of temperate deciduous forests in the central US, primarily by quantifying the impact of 
drought-fire interactions on the recruitment and growth of juveniles and adult oak (Quercus spp.) 
trees.  
The primary goal of my dissertation research was to evaluate how increased fire 




variation in forest response to drought, specifically, post-fire resprouting, competition among 
trees and environmental conditions, including microclimate and nutrient cycling. In Chapter 2, I 
focused on fire-driven impacts on plant community composition and investigated the 
consequences of these fire-mediated shifts in vegetation for soil carbon cycling across a 
topoedaphic gradient. Specifically, I quantified the relative importance of fire’s direct effects 
through combustion versus its indirect effects through fire-driven shifts in understory and canopy 
plant community composition on soil organic carbon (SOC) stocks, a major component of the 
terrestrial C sink. Although there is increasing use of plant functional traits to both understand 
the response and effect of community composition on ecosystem processes (Díaz and Cabido 
2001, Lavorel and Grigulis 2012, Conti and Díaz 2013), there have been few empirical studies of 
response-effect trait linkages in fire-impacted forest ecosystems, especially those that consider 
both understory and canopy communities. I found that SOC stocks were associated with the trait 
composition of the canopy community and fire directly, but I found little evidence that fire-
driven shifts in understory community composition influence SOC. Additionally, the study 
uncovered novel linkages between the traits of the forest community and the composition (i.e. 
slow versus fast-cycling) of SOC stocks. These findings suggest that under different 
circumstances, traits of both canopy and understory communities can respond to environmental 
change and affect C cycling in disturbed forests.  
In Chapter 3, I focused on two key mechanisms by which fire may influence drought 
response of tree seedlings: post-fire resprouting and environmental changes. I hypothesized that 
depending on whether resprouting or environmental effects predominate, the impacts of 
increased burning on juvenile tree response to drought may be positive, negative or neutral. I 




burned and unburned forests. I found resprouting after fire had minimal influence on drought 
stress. Instead, fire can exacerbate drought stress by both promoting a warmer, drier 
microclimate and intensifying N limitation during drought. These results suggest that even for a 
highly drought tolerant species (Quercus spp.), fire-driven changes to environmental conditions 
can significantly affect seedling response to drought. Ultimately, the study highlights that 
changes to fire regimes may limit seedling recruitment under future scenarios of increased 
rainfall variability. 
Chapter 4 builds off the previous chapter to address the long-term response of adult oak 
trees (Quercus spp.) to drought-fire interactions. Manipulating tree population density and thus 
minimizing density-dependent competition has emerged as one potential strategy to moderate 
drought-induced stress in forests (Breda et al. 1995, Bottero et al. 2017) . I hypothesized that 
fire-driven reductions in density-dependent competition may alleviate water stress during past 
drought events, but fire-induced declines in N availability may also contrain growth rates. 
Specifically, I quantified the annual radial growth rates of trees in an ongoing, long-term fire 
manipulation experiment where forests have experienced annual or periodic (i.e. every 4 years) 
fires or control, unburned conditions since 1950. The influence of fire frequency on soil N 
availability and the climate-growth patterns of adult Quercus spp. trees were investigated. 
Contrary to my predictions, frequently burned forests did not differ in drought resistance or 
resilience relative to controls. Rather, the results showed that periodic, but not annual, fires 
reduced tree growth during wet periods favorable to growth, an effect I attribute to the observed, 
fire-driven reductions in inorganic N availability. The results suggest that fire has limited 
effectiveness in mediating drought stress of Quercus-dominated forests and instead, may 




  Finally, in Chapter 5, I summarize the results of this dissertation and explore avenues for 
future research in this area. Overall, this work demonstrates that fire-driven changes to forest 
structure, community composition and nitrogen (N) cycling have important consequences for 
forest regeneration, growth and C storage capacity under climate change. Specifically, my work 
finds that climate and fire interact to produce distinctly different impacts on adult versus juvenile 
Quercus spp. growth, highlighting that climate-fire interactions are contingent upon ontogeny.   
These results suggest that managing forests with frequent fire does little to mitigate drought 




























Figure 1.1. Conceptual diagram that summarizes the linkages between fire, abiotic and biotic 
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Both canopy and understory traits act as response-effect traits in fire-managed forests1 
 
Abstract 
Community-level shifts in the distributions of plant functional traits associated with 
environmental change are expected to influence ecosystem functioning. However, few studies 
have identified traits that both respond to environmental change and affect ecosystem properties, 
thus limiting potential to scale the effects of environmental change through the community level. 
We measured canopy and understory plant functional traits, characterizing the most abundant 
functional trait value (community-weighted mean; CWM) and the functional diversity (FD), 
across a soil resource gradient in fire-managed mixed-deciduous forests to determine how traits 
both respond to a disturbance-resource gradient and affect stocks of active and stable soil organic 
carbon (SOC) fractions. We expected that understory traits would respond mainly to fire and 
canopy traits would respond mainly to soil resources. We further hypothesized that fire and 
resource conditions affect SOC stocks through (1) mass-ratio, by influencing trait abundance; (2) 
through non-additive effects, by influencing the FD of plant communities; or (3) directly, 
through either combustion or environmental controls on SOC stocks. Understory traits responded 
to soil resource conditions and fire, whereas only canopy CWM leaf dry matter content (LDMC) 
varied with resource conditions; no canopy traits varied with fire. Among the response traits, 
canopy CWM LDMC and diversity in the maximum height of the understory were related to 
                                                 
1 Reprinted with permission from: Refsland, T. K. and J. M. Fraterrigo. 2017. Both 





SOC stocks, suggesting they play dual roles as response and effect traits. SOC stocks were 
primarily associated with mass-ratio effects from canopy leaf traits and secondarily with non-
additive effects from the canopy and understory. There were also strong, fraction-dependent 
patterns in SOC stocks with fire disturbance. Repeatedly burned forests characterized by 
resource conservative traits (i.e. high canopy CWM LDMC) had a higher relative proportion of 
active SOC, whereas unburned forests characterized by resource acquisitive traits (i.e. high 
canopy CWM leaf nitrogen content) had a higher relative proportion of stable SOC. Our results 
suggest that canopy community-aggregated leaf traits and diversity in understory size traits can 
act as both ‘response’ and ‘effect traits’ in disturbed forests. Predicting forest SOC stocks using a 
response-effect trait framework will thus require knowledge of both canopy and understory trait 
distributions, as well as disturbance history.  
 
Introduction 
A primary goal of community ecology is to predict the consequences of changing 
biodiversity for ecosystem function (Chapin et al. 2000). Plant functional traits are important to 
this goal as traits can determine species’ responses to resource gradients and disturbance 
(‘response traits’) as well as their effects on ecosystem function (‘effect traits’) (Díaz and Cabido 
2001, Lavorel and Garnier 2002). Certain traits may be deemed dual response-effect traits if 
those traits favored by the environment are those that also influence ecosystem function. Because 
such linked traits provide a direct means of scaling community-level changes to changes in 
ecosystem functioning (Suding et al. 2008), identifying them could enhance capacity to predict 




Despite increasing adoption of the response-effect trait framework (Garnier et al. 2004, 
Laliberté and Tylianakis 2012), few empirical studies have tested for the existence of response-
effect traits, especially in forest ecosystems (but see Conti and Díaz 2013). To fully implement 
the response-effect framework for scaling ecosystem-level consequences of environmental 
change through the community level, studies must not only examine the degree of overlap 
between response and effect traits (Suding et al. 2008), they also must acknowledge the potential 
contribution of forest canopy and understory plant communities to ecosystem functioning, such 
as soil carbon (C) storage (Conti and Díaz 2013). These stratified communities are comprised of 
species with different growth forms and sensitivities to environmental change. For instance, 
while rarely affecting canopy trees, surface fires can kill subcanopy trees and increase light 
availability in the understory, which in turn may promote perennial grass cover and enhance soil 
C stocks through increased belowground litter inputs (Post and Kwon 2000, Rasse et al. 2005). 
Few studies, however, have examined the response-effect trait linkages of canopy and understory 
communities and compared their contribution to ecosystem function. 
Fire is one of the most widespread disturbances in forests, with natural and prescriptive 
fires impacting millions of hectares of forest per year (Ruiz et al. 2007). Although fire can act as 
a filter that selects species based on the suitability of traits (White 1983, Knapp et al. 2015), it is 
unknown whether its effects on trait composition are consistent across resource gradients where 
fire intensity and vegetation recovery can strongly vary  (Wimberly and Reilly 2007, Iverson et 
al. 2008). Previous research shows that resource availability and disturbance operate 
simultaneously to shape community assembly and functional trait composition (de Bello et al. 
2013, Ames et al. 2016). Additionally, forest understory and canopy plant communities may 




exclusive assembly processes, specifically, environmental filtering (Grime 2006) and limiting 
similarity (i.e. niche partitioning) (MacArthur and Levins 1967). This could result in the 
convergence or divergence of response trait values, respectively. For example, leaf traits are 
expected to show convergence in more productive habitats but increased competition in such 
habitats may instead promote divergence in traits to limit similarity. Consequently, the 
distribution of response traits may vary across disturbed forests that encompass steep gradients 
of resource availability.   
Soil organic carbon (SOC) storage is a key ecosystem function of interest, given that 
forest soils store approximately one third of Earth’s terrestrial C (787 Gt C) and serve a critical 
role in climate regulation (Ciais et al. 2013). Predicting SOC storage is difficult due to highly 
variable stocks and a complex interplay of drivers (Bird et al. 2001). The response-effect trait 
framework provides a promising approach to predict SOC stocks at local scales, where 
disturbance, soil properties and vegetation should be major drivers of C (De Deyn et al. 2008, 
Cornwell et al. 2008). Detecting such response-effect traits linkages, however, may require 
resolving soil C into component pools. Soil C varies greatly in its size and origin, from large 
particles originating from recent plant inputs (‘active fraction’), to small, physically and 
chemically protected particles associated with microbial byproducts (‘stable fraction’) (Schmidt 
et al. 2011). The active soil C fraction may be better associated with vegetation-mediated effects 
of fire; however, most studies focus on total soil C rather than its composition (Nave et al. 2011).  
 There are two primary hypotheses on how forest plant community composition may 
affect SOC stocks: (1) mass-ratio hypothesis (Grime 1998) and (2) non-additive, functional 
diversity (FD) effects (Tilman 1997). Plant functional traits have been widely linked to C cycling 




community-weighted mean, CWM) should determine C storage patterns (Grime 1998). Traits 
associated with resource acquisition, such as high specific leaf area (SLA), low leaf dry matter 
content (LDMC) and high leaf nitrogen concentration (LNC),  promote fast C accumulation and 
fast decomposition, whereas the opposite trait values are associated with resource conservation 
and favor slow C accumulation but high storage (Wright et al. 2004, Cornwell et al. 2008). Size-
related traits, such as leaf area (LA) or maximum height (Hmax) can also be important: larger 
plants that produce and shed a higher quantity of litter per unit area are expected to contribute 
more C to the organic soil horizon (Moles et al. 2009, Falster et al. 2010). Thus, fire might 
enhance soil C stocks by favoring communities dominated by species with conservative leaf 
traits or reduce SOC by favoring shorter species (Lavorel et al. 1997, Garnier et al. 2004, De 
Deyn et al. 2008).  
 In contrast, the non-additive FD effects hypothesis posits that the presence of diverging 
functional trait values (e.g. conservative and acquisitive leaf traits) should lead to greater 
resource exploitation and production by the plant community and thus higher litter inputs and 
SOC storage (Fornara and Tilman 2008). FD is composed of the variety of trait values present in 
the community, weighed by their abundance (i.e. community-weighted trait variance, CWV). If 
fire reduces competitive dominance and promotes divergence in traits, in either the canopy, 
understory, or both, then non-additive effects should result in higher SOC stocks than in 
unburned communities with convergent trait values.  
Our aim was to elucidate relationships among fire, plant functional traits, and SOC stocks 
across a soil resource gradient (‘xeric’ to ‘mesic’) in mixed-deciduous forests of the central 
United States to determine whether prospective response-effect traits are correlated with soil C 




1) To what extent do fire history and soil resources affect functional trait distributions and drive 
assembly processes? 2) How are functional trait distributions related to soil C storage? 3) What 
is the overlap between response and effect traits? We examined trait distributions in forest 
understory and canopy communities, expecting that understory traits would respond mainly to 
the low-intensity fires characteristic of this region (Knapp et al. 2015) and canopy traits would 
respond mainly to soil resources. We hypothesized that disturbance and resource conditions 
affect SOC stocks through (1) mass-ratio, by influencing trait abundance; (2) through non-
additive effects, by influencing the FD of plant communities; or (3) directly, through either 
combustion or environmental controls on SOC stocks, regardless of changes to functional traits.   
 
Methods 
Study site and experimental design 
This study was conducted within the Shawnee National Forest, a 1,100 km2 federally 
protected area in extreme southern Illinois, USA (37°44’ N, 88°67’ W). The climate is humid 
subtropical with a mean annual temperature of 15 °C and mean annual precipitation of 1250 mm 
distributed evenly throughout the year. The differences in soil properties and moisture 
availability with topographic position drive tree species distributions in the Shawnee region 
(Fralish 1988).  
We selected three mature, upland forest sites that contained both burned and unburned 
stands and were at least 12 km apart (Table A.1). Within each site, we established paired 0.1 ha 
(50 x 20 m) plots consisting of a burn treatment and nearby (< 1 km) unburned control. Burned 
stands experienced three to four low-intensity, prescribed fires between 2002 – 2013, including a 




activity in the past three decades, according to United States Forest Service records dating back 
to 1980 (Scott Crist, pers. comm.). Given that fires were prescriptive, we assume fire treatment 
does not depend on environmental conditions and community traits.  
To investigate response-effect trait linkages after fire disturbance under contrasting 
environmental conditions, we replicated the paired plots in xeric and mesic habitat types within 
each site, resulting in six sets of paired plots (n = 12 plots total). Xeric and mesic habitat types 
were identified a priori from an ‘Integrated Moisture Index’ calculated in ArcGIS (version 10.3, 
ESRI) based on inputs of aspect, slope, curvature, and flow accumulation (Iverson et al. 1997). 
Because topography can influence fire behavior in this region, we explore both the additive and 
interactive effects of fire and resource conditions on functional traits.   
 
Soil sampling and resource gradient 
In August 2013, we collected soil from three subplots per plot, spaced 12.5 m apart. 
Within each subplot, we randomly selected two 228 cm2 areas from which we removed all leaf 
litter and organic soil (i.e. the ‘O’ horizon) prior to collecting two cores (0-10 cm depth) of 
mineral soil using a 5-cm diameter soil corer. We chose to focus on the 0-10 cm depth to avoid 
bedrock and because only shallow soils experience heating during low-intensity fires (DeBano 
2000). Samples were composited by subplot, resulting in three replicates per plot (3 x 12 plots = 
36 total samples). Composited samples were weighed for field-moist and air-dried mass, sieved 
to 2 mm and stored at 20°C until analysis (Appendix A). Replicate samples were processed 
separately, and values were averaged for each plot for the purposes of statistical analysis.  
Six soil parameters were measured using standard procedures (Appendix A) to 




soil texture (clay, silt and sand gravimetric content), pH, ion-exchangeable inorganic nitrogen 
(N) and phosphorus (P) and soil C:N ratio (summarized in Table A.1). Soil parameters were 
analyzed using principal component analysis (PCA, Fig. A.1) on the correlation matrix by 
scaling and centering all parameters. We refer to plot scores along first PCA axis (PC1) as ‘the 
resource gradient’ and use PC1 for all subsequent statistical analyses as a single variable 
representing soil conditions across xeric and mesic habitat types.  
 
SOC fractionation 
To evaluate associations among the soil resource gradient, fire treatment and community 
traits on SOC pools with different turnover times, we physically fractionated mineral soil C from 
each composite soil sample using a modified wet-sieving method (Craig et al. 2015). This 
method separates SOC into large, recently plant-derived particles (i.e. particulate organic matter, 
> 53 µm) and small, physicochemically protected particles associated with microbial byproducts 
(i.e. mineral-associated organic matter, ≤ 53 µm), hereafter referred to as the ‘active’ and ‘stable’ 
fractions, respectively (details in Appendix A).  
 
Trait measurements 
After surveying the percent cover of understory species (Appendix A), we sampled traits 
of only those species (n = 24) that represented approximately 85% of the cumulative cover for 
each plot in order to achieve a representative sample of the most abundant species in the 
community (Pakeman and Quested 2007). For the canopy tree community, the abundance of 




  We selected five functional traits known or expected to both respond to disturbance-
driven changes to resource availability (Cavender-Bares and Reich 2012, Forrestel et al. 2014) as 
well as affect ecosystem C dynamics and storage (De Deyn et al. 2008). Leaf dry matter content 
(LDMC) (mg g-1), specific leaf area (SLA) (mm-2 mg-1) and leaf N content per dry mass (LNC) 
(mg N g-1) are key traits along the leaf economics spectrum (Wright et al. 2004) whereas leaf 
area (LA) (cm2) and maximum height (Hmax) (meters) constitute key components of the ‘size 
axis’ and are associated with large woody species that are intermediate along the leaf economics 
spectrum (Pierce et al. 2013, Díaz et al. 2016). For the understory, LA, LDMC and SLA were 
measured on ten individuals per species per plot by averaging values from two mature, 
undamaged sun-lit leaves per individual using standard methodology (Pérez-Harguindeguy et al. 
2013). Hmax and LNC were obtained for species or congeners using the TRY global database 
(Kattge et al. 2011). Due to the difficulty of sampling canopy leaves, we did not collect in situ 
trait data for canopy species, but rather used region-specific average values of LA, SLA and 
LDMC collected from adult trees (Spasojevic et al. 2014) and retrieved LNC and Hmax using 
TRY. We acknowledge database values can be imperfect surrogates for in situ trait values 
(Cordlandwehr et al. 2013), but including database-derived understory and canopy traits in our 
analyses significantly improved model fit, so they were retained.  
To assess the response of understory and canopy community traits to fire and the resource 
gradient, as well as their association with SOC stocks, we calculated the community-weighted 
mean (CWM) and community-weighted variance (CWV) of trait values, weighted by species 
abundances (Appendix A). We performed separate calculations for the understory and canopy 





Modeling mean trait responses and dispersion 
To investigate the response of trait distributions to environmental conditions and fire, we 
modeled relationships between the CWM of each trait, the soil resource gradient defined by PC1 
axes, fire and their interaction using multiple linear regression.  
We evaluated how fire history and soil resources influenced functional trait dispersion 
and community assembly processes using a null model approach. Specifically, we generated a 
null model where the observed species and associated trait values in each plot remained 
unchanged but abundances were shuffled randomly among species, thus breaking the 
relationship between trait values and abundances while maintaining richness and evenness of 
abundances within plots. Based on a distribution generated by 9999 runs of the null model, we 
calculated an effect size (ES) based on the probability of obtaining an observed value lower or 
higher than expected by chance (i.e. the quantile of the null distribution in which the observed 
value is found) (Chase et al. 2011, Bernard-Verdier et al. 2012) (Appendix A). We used a two-
tailed Wilcoxon signed-ranks test to examine whether CWV ES values were significantly greater 
or less than zero across all communities. Lower CWV values than expected (i.e. negative ES) 
provide evidence of convergence towards a common trait value, and larger CWV values (i.e. 
positive ES) provide evidence of a divergent trait distribution. Values close to zero (i.e. the null 
expectation) indicated random dispersion of abundances among species trait values. To explore 
relationships between community structure and the soil resource gradient, we plotted CWV ES 
values against the resource gradient and used Spearman’s rank correlations to test for significant 
trends along the gradient. Partial correlation was used to assess the association between CWV ES 





Modeling trait effects 
We evaluated the correlation between our predictors and SOC stocks using multiple 
linear regression and an information-theoretic approach (Burnham and Anderson 2002). We 
chose a multi-modal approach because it allowed us to compare the relative support for each of 
our competing hypotheses. For each SOC pool, we performed separate analyses where we 
developed a set of linear models constructed by adding explanatory variables and their 
interactions in fixed sequential order according to a ‘hierarchy of controls’ (Diaz et al. 2007, 
Manning et al. 2015). Specifically, we first added the resource gradient, fire treatment, and forest 
basal area terms followed by canopy trait CWMs and CWVs and finally, understory trait CWMs 
and CWVs.  Fire frequency (fires decade-1) was also considered as a predictor, but was not found 
to be significant for any SOC pool, so it was not considered in the final models. If predictor 
variables were correlated (| r | > 0.5), no more than one of the correlated variables was included 
in the model, with preference given to terms that were higher in the hierarchy (e.g. canopy traits 
over understory traits). To further minimize multi-collinearity among variables, only those 
models with variance inflation factors (VIF) < 5 were retained. We also limited the maximum 
number of predictors in a single model to four terms to avoid overfitting the data.  
In order to quantify the relative importance of each predictor across the resulting set of 
competing models, we ranked each model according to Akaike Information Criterion, adjusted 
for small sample size (AICc) and the relative support was evaluated with AICc weight (Burnham 
and Anderson 2002). We retained a confidence set of models with a cumulative AICc weight of 
0.95 (Johnson and Omland 2004). The relative importance (RI) of each predictor in the 
confidence set was calculated as the sum of Akaike weights over all models in which it appeared. 




and Anderson 2002). To facilitate comparison of effect sizes, standardized parameter estimates 
were calculated by scaling all continuous variables to mean of zero and standard deviation of 
one. All analyses were performed using R version 3.4.1 (R Core Development Team 2017) and 
the package MuMIn (Bartoń 2016). 
 
Results 
Soil resource gradient 
Of the original seven soil parameters, only phosphorus availability was significantly 
correlated with fire treatment (P = 0.04), and therefore was excluded from the PCA. Most of the 
six remaining soil parameters were collinear, with the first axis of the PCA explaining 42.8% of 
the variance and indicating that soils varied from dry and sandy with low pH and N availability 
(‘xeric’) to moist and clay-rich with high pH and N availability (‘mesic’) (Fig. A.1). The second 
axis of the PCA explained 27.7% of the variability, capturing differences in primarily silt and 
clay content caused by an outlier plot with unusually high clay and low silt content. Therefore, 
we used the first axis of the PCA (“the resource gradient”) and fire treatment as independent 
predictors in our analyses. Species turnover in the understory did not occur along the resource 
gradient (Mantel r = 0.15, P = 0.13; Fig. A.4). In canopy communities, however, species 
turnover did occur along the gradient, as indicated by the positive correlation between Bray-
Curtis dissimilarities and differences in soil conditions (Mantel r = 0.23, P = 0.04). 
 
Understory trait means and divergence with fire and soil conditions 
Understory community-weighted mean trait values varied with soil resources or fire 




0.01), LDMC (P = 0.04) and Hmax decreased (P = 0.02) along the resource gradient from xeric to 
mesic habitats (Fig. 2.1). Averaging over the resource gradient, burned communities had 
significantly lower CWM LA (P = 0.04) and Hmax (P = 0.02) (Fig. 2.1) and similar CWM SLA 
and LDMC (P > 0.3) compared to unburned communities. CWM LNC was the only trait that did 
not vary with soil resource conditions or fire treatment.  
 Understory trait diversity also varied with soil resources or fire treatment. Fire was 
associated with less diversity in understory LA, as indicated by a lower CWV in LA than 
expected from the null model (Wilcoxon test towards lower values: P = 0.04; Fig. 2.2). By 
contrast, unburned understory communities showed less diversity in SLA than expected from 
random (Wilcoxon towards lower values: P = 0.02; Fig. 2.2).  
Examination of the values of ES in relation to the soil resource gradient demonstrated 
that the diversity of SLA and Hmax in the understory decreased from xeric to mesic habitats (ρ < - 
0.50, P < 0.05), whereas LDMC diversity increased from xeric to mesic habitats (ρ = 0.68, P = 
0.01) (Fig. 2.2). In contrast to all other traits, diversity in LNC did not vary with soil resources or 
fire treatment, but instead showed greater divergence than expected from random across all plots 
(Wilcoxon towards higher values: P = 0.04; Fig. 2.2). Fire treatment did not interact with the 
resource gradient to determine trait diversity (for all traits: partial correlation, P > 0.05).   
 
Canopy trait means and divergence with fire and soil conditions 
Canopy CWM LDMC decreased significantly along the resource gradient (P = 0.04), 
whereas CWM SLA increased from xeric to mesic habitats (P = 0.01) (Fig. 2.3). There was no 
relationship between canopy CWM LA or SLA and the resource gradient (P > 0.1), and none of 




Although canopy communities displayed higher CWV in LA, SLA, and LDMC than 
expected from the null model (Wilcoxon towards higher values: P < 0.01), there was no 
relationship between the values of ES and the resource gradient or fire (for all traits: partial 
correlation, P > 0.05; Fig. A.3). Canopy CWV LNC and Hmax were randomly distributed and 
unrelated to the resource gradient and fire (Fig. A.3).  
 
Linkages between disturbance-resource gradient, traits and SOC stocks 
Total mineral soil C stocks ranged from 16.4 to 31.8 Mg ha-1 and were most strongly 
related to canopy community-aggregated leaf traits and diversity in canopy Hmax (Fig. 2.4a). The 
single best performing model included canopy CWM LA and LDMC as significant predictors 
(AIC weight = 0.23, R2 = 0.66; Table A.2 and A.3). Across all supported models, mineral SOC 
stocks were significantly lower in communities with greater canopy CWM LA (Fig. A.5), 
whereas stocks were significantly greater in communities with greater canopy CWM LDMC and 
CWV Hmax. Mineral SOC stocks decreased significantly with increasing understory CWV LNC 
and marginally increased with canopy CWM LNC (Fig. 2.4a; Table A.2).   
We found fire had strong effects when analyzing the active and stable SOC fractions 
separately (Fig. 2.4bc; Table A.2). Specifically, burned stands had 25% higher stocks of the 
active fraction and 23% lower stocks of the stable fraction than unburned stands, resulting in no 
net difference in total mineral soil C stocks with fire (lsmean difference = - 0.56 Mg ha-1 ± 
3.21).  
Stocks of the active and stable fraction were strongly related to canopy CWM LDMC and 
LA, respectively, and shared no significant predictors aside from canopy CWM LA. In general, 




the stable fraction were positively related to acquisitive resource-use traits in the canopy. For the 
active fraction, the single best performing model included fire, canopy CWV SLA and Hmax, 
and understory CWV Hmax as significant predictors (AIC weight = 0.27, R2 = 0.92; Table A.2 
and A.3). Across all supported models, the active fraction also showed a significant positive 
relationship with canopy and understory CWM LDMC and a negative relationship with canopy 
CWM LA and CWV Hmax (Fig. 2.4b; Fig. A.5). Stocks of this fraction increased marginally in 
communities with higher canopy CWV SLA and increased graminoid cover (Fig. 2.4b; Table 
A.2).  
Stocks of the stable fraction were best predicted by canopy CWM LA and LNC, and 
understory CWM LNC (AIC weight = 0.29, R2 = 0.86; Table A.2 and A.3). Across all supported 
models, stable fraction stocks were positively related to canopy CWM LNC and negatively 
related to understory CWM LNC and canopy CWM LA (Fig. 2.4c; Fig. A.5). We also found 
stocks of this fraction decreased marginally with understory CWV LNC and increased 
marginally with understory CWM LDMC (Fig. 2.4c; Table A.2). 
 
Discussion 
Years after establishment of response-effect trait framework, we still lack empirical 
evidence for response-effect traits, especially in forests. Our observational approach of 
examining trait distributions and their relationship to SOC stocks along a resource gradient in a 
disturbed, mixed-deciduous forest allowed us to empirically test for evidence of response-effect 
traits that mediate plant community effects on SOC storage. We found canopy and understory 
CWM LDMC varied along the resource gradient but not with fire, and that the positive 




that variation in the maximum height of the understory responded to the resource gradient and 
was positively associated with the active soil C fraction. Most traits, however, including canopy 
CWM LA, CWM LNC and CWV Hmax, that were associated with effects on SOC stocks did 
not respond to fire or the resource gradient. Furthermore, while canopy traits are the primary 
‘effect’ traits influencing SOC stocks, understory traits are also associated with soil C storage in 
forests experiencing fire.  
 
Trait response to soil conditions and fire 
There was a trait-specific functional response of the understory and canopy community to 
the resource gradient, as evidenced by trends in community-weighted means for four of the five 
traits we examined. We also found that fire and the resource gradient were associated with 
distinct rather than interactive effects on understory trait distributions. Leaf traits associated with 
the leaf economics spectrum (Wright et al. 2004) responded only to the resource gradient, with 
more slow-growing and nutrient conservative species on dry, N-limited soils and fast-growing 
and less resource efficient species on moist, N-rich soils. This result is consistent with past 
studies showing leaf traits, unlike regenerative traits, respond primarily to resource availability 
rather than disturbance directly (Shipley et al. 1989, Lavorel and Garnier 2002, Peltzer et al. 
2016). Although long-term, fire-induced N limitation can result in communities characterized by 
resource conservative traits (Cavender-Bares and Reich 2012, Forrestel et al. 2014), our results 
show that in forests with relatively brief fire histories and limited changes to N (Table A.1), leaf 
economic traits respond mainly to existing soil conditions. In contrast, the size-related traits of 
understory LA and Hmax both responded to fire and the resource gradient. Together, these results 




economic traits primarily responsive to soil gradients while size-based traits may respond to both 
soil gradients and disturbance (Lavorel et al. 1997, Pausas et al. 2004).  
 
Functional divergence response to soil conditions and fire 
Our results suggest that abiotic controls lead to convergence towards high SLA for 
understory communities in mesic habitats and high LDMC for those in xeric habitats (Fig. 2.1 
and 2.2). This finding is consistent with environmental filtering which predicts that traits related 
to resource acquisition will be under-dispersed along environmental gradients (Grime 2006). We 
also observed convergence in understory Hmax along the resource gradient, suggesting increased 
competition for light from mesic to xeric habitats. In mesic habitats, dense canopy cover 
competitively excludes otherwise dominant, shade-intolerant tree species (Quercus and Carya 
spp.), but not shorter, shade-tolerant herbs (e.g. Acalypha rhomboidea) and shrubs (e.g. 
Toxicodendron radicans), resulting in convergence towards low Hmax. In contrast, shallow soils 
and limited moisture in xeric habitats prevent dense canopy cover in the study region (Fralish 
1994, Iverson et al. 1997), allowing the formation of functionally divergent communities where 
light-demanding perennial grasses and forbs (e.g. Dicanthelium spp., Helianthus divaricatus) 
coexist with tree species and potentially partition light resources in a complementary way 
(Vojtech et al. 2008). This finding is consistent with the theory of ‘limiting similarity’ which 
predicts plant traits within a community will show divergence to reflect strategies to reduce 
competition (MacArthur and Levins 1967). Together, these results suggest multiple assembly 
processes – environmental filtering and limiting similarity – can operate simultaneously to 
structure plant communities along disturbance-resource gradients (Spasojevic and Suding 2012, 




Although functional divergence did not differ with fire across the resource gradient, fire 
disturbance was associated with convergence in LA and a random distribution of SLA for 
understory communities across the gradient. We suggest that these differences in leaf trait 
diversity reflect regenerative, rather than leaf traits, directly responding to fire. For example, the 
herbaceous species with the greatest increase in abundance from unburned to burned plots 
(Acalypha rhomboidea, Amphicarpaea bracteata, Helianthus divaricatus and Viola sororia) 
have lower LA and have more diverse SLA values than the average values of unburned plots, as 
with our general results (Fig. 2.2). These herbaceous species, however, also represent a wide 
array of regenerative strategies ranging from annuals with small, transient seeds to perennial 
herbs that reproduce asexually and sexually (Kattge et al. 2011). Therefore, the observed patterns 
in leaf trait diversity with fire may be a consequence of disturbance influencing variation in 
regenerative traits by increasing the range of regenerative niches (Grubb 1977, Crawley and May 
1987).  
 
Response-effect trait linkages with SOC stocks 
Trait combinations are not only a useful way for identifying different strategies of 
resource use, but are also expected to describe the relationship between plant community and 
ecosystem function (Díaz and Cabido 2001, Lavorel and Garnier 2002). Yet empirical evidence 
of such relationships is scant for temperate forests. We found that SOC stocks were primarily 
associated with a subset of canopy traits that represented ‘effect’ but not ‘response’ traits (e.g. 
canopy CWM LA, canopy CWV Hmax). There was a small number of response traits, notably 
canopy and understory CWM LDMC, that both varied with the resource gradient and were 




We found fire was associated with significant opposite effects on C stocks in the active 
and stable fractions, resulting in no net change in total mineral SOC with fire. After controlling 
for the soil gradient and vegetation, however, we found that fire was associated with a direct, 
positive effect on stocks of the active soil C fraction but no effect on the stable soil C fraction. 
This is consistent with past studies that found fire to directly increase C stocks in the active 
fraction by promoting the incorporation of litter into the mineral soil (González-Pérez et al. 2004, 
Kane et al. 2007). Our results also agree with past studies that find prescribed fire to have little to 
no consistent effect on mineral SOC stocks, especially in hardwood forests (Eivazi and Bayan 
1996, Boerner et al. 2005, Nave et al. 2011). Specifically, our study showed that the association 
between burning and mineral soil C stocks can range from positive to negative depending on the 
balance between fire-induced gains in soil C in the plant-derived, active fraction and losses in 
microbe-derived, stable fraction. These contrasting, fraction-dependent changes in SOC highlight 
the complexity of factors that influence SOC stocks in forests disturbed by fire.  
Canopy community-weighted LDMC was positively associated with total mineral and 
active fraction C stocks, in support of the leaf economy spectrum comprising key response-effect 
traits that influence SOC stocks through mass-ratio. This result is consistent with the prevailing 
view that acquisitive syndromes are associated with higher C fluxes (Díaz et al. 2004, Freschet et 
al. 2012) while conservative syndromes should promote higher C stocks overall (De Deyn et al. 
2008). This mass-ratio effect on SOC stocks, however, was contingent on SOC fraction. For the 
stable fraction, we found canopy CWM LA to be the dominant response-effect trait, in support of 
size-related traits being important in determining mass-ratio effects on ecosystem C storage (De 
Deyn et al. 2008, Conti and Díaz 2013). Additionally, we found canopy and understory CWM 




results support the emerging view that, unlike the plant-derived active fraction, stocks in the 
stable soil C fraction should increase under higher quality litter (i.e. high LNC) due to greater 
microbial C use efficiency and thus greater formation of microbially derived products that are 
primary constituents of the stable soil C fraction (Cotrufo et al. 2013). We attribute the negative 
association between understory litter quality and stable SOC stocks to the change in understory 
(but not canopy) vegetation immediately after fire disturbance. Stable SOC stocks were lower in 
burned than unburned plots, where understories had shifted from woody species dominance (i.e. 
low LNC) towards herbaceous species dominance (i.e. high LNC). This change in understory but 
not canopy species composition immediately after fire produces a ‘mismatch’ in the litter quality 
of the understory v. canopy. Of the few empirical studies to link functional trait composition to 
size-fractionated SOC stocks, Manning et al. (2015) found that C stocks in the stable fraction 
were greater in grassland communities with high LNC. Given root inputs are a dominant 
contributor to SOC, data on root traits and exudation rates would be needed to address these 
contradictory findings (Schmidt et al. 2011).  
We found diversity in canopy and understory Hmax was associated with negative and 
positive effects on SOC stocks, respectively, in support of non-additive (FD) effects having 
important consequences for ecosystem function. Only understory CWV Hmax was found to be a 
response-effect trait: CWV Hmax declined from xeric to mesic habitats and was in turn associated 
with positive effects on the active soil C fraction (Fig. 2.1; Fig. 2.4b). After accounting for the 
effect of fire, C stocks in the active fraction increased with increased divergence in Hmax as 
communities transitioned from short, shade-tolerant herbs and shrubs in mesic habitats to the co-
existence of light-demanding herbaceous and tree species in xeric habitats (Fig. A.2). In other 




area allows for greater light penetration, fire promotes the abundance of light-demanding 
herbaceous species (Fig. A.2), resulting in an extra ‘layer’ of productivity in the understory and 
an additional C input to the soil (De Deyn et al. 2008). Relative to shrubs and trees, herbaceous 
species tend to have a shallow rooting zone, which after fire-induced dieback of fine roots (Day 
et al. 2006) can contribute substantial C inputs below-ground (Kelly et al. 1996, Ansley et al. 
2006, Poeplau et al. 2011), where conditions for decomposition are less favorable than the soil 
surface (Post and Kwon 2000, Rasse et al. 2005). These results highlight that fire may help 
determine response-effect trait linkages across soil resource gradients.  
Although canopy CWV Hmax did not vary with fire disturbance, it was negatively related 
to both total mineral and active fraction C stocks. Canopy CWV Hmax was inversely related to 
basal area; stands with high basal area had lower CWV Hmax (Fig. A.6). Therefore, variance in 
Hmax may correlate with stand age and productivity with lower CWV Hmax indicating older and 
more productive forest canopies with higher rates of litterfall, and in turn high rates of 
aboveground C input to soil (Pregitzer and Euskirchen 2004, Jandl et al. 2007).   
 
Limitations 
There are some key limitations to our study that may have influenced the results. First, 
the response-effect trait linkages reported here are correlative and should not be interpreted as 
cause-effect. Second, although LNC can be highly variable depending on N-supply, our use of 
database-derived LNC values does not account for potential intraspecific variation in LNC. 
Third, sampling was limited to the top 10 cm of the mineral soil and thus did not capture patterns 
present at greater depths. Other studies have found the effects of plant functional types on SOC 




study lacked information on root traits, such as specific root length and root N, which have 
recently been shown to be important for belowground C dynamics (Bardgett et al. 2014). 
Incorporating disturbance effects on belowground trait composition could further elucidate how 
community assembly influences SOC storage.  
 
Conclusions 
Overall, we found support for dual response-effect traits in the context of predicting SOC 
stocks: there was a distinct overlap between those forest canopy and understory functional traits 
that responded to abiotic conditions and those found to be associated with SOC stocks. Abiotic-
driven mass-ratio (canopy or understory LDMC) effects were associated with all SOC fractions 
whereas abiotic-driven non-additive (understory divergence in height) effects and direct fire 
effects were associated with C stocks of the active fraction. Our results suggest that fire 
disturbance may increase total mineral SOC stocks by promoting an ‘extra layer’ of vegetation in 
the understory, notably shallow-rooted perennial grass and forb species with high belowground 
C inputs. Consistent with this, repeatedly burned forests had a higher relative proportion of SOC 
derived from recent plant inputs than unburned forests. Incorporating trait-based vegetation 
characteristics into ecosystem models that currently use climate and land cover data may thus 
help improve estimates of SOC storage across disturbance-resource gradients, therefore aiding in 










Figure 2.1. Community-weighted mean (CWM) trait values (± SE) of understory plant 
communities in burned and unburned stands along a resource gradient (PC1). Black lines 
represent significant regressions and statistics are indicated above panels (n.s.: P > 0.05, *P < 
0.05, **P < 0.01, ***P < 0.001). CWM: community-weighted mean; CWV: community-
weighted variance; LA: leaf area; SLA: specific leaf area; LDMC: leaf dry matter content; LNC: 





Figure 2.2. Community-weighted trait variance (CWV) of understory plant communities in 
burned and unburned stands along a resource gradient (PC1). Effect sizes (ES) of CWV were 
calculated by comparing observed CWV to a null distribution (see Methods). Negative ES values 
represent a lower CWV than expected, suggesting trait convergence, whereas positive ES values 
suggest trait divergence. One-sided Wilcoxon (W) tests were used to compare observed values to 
the null expectation (ES = 0), represented by the solid horizontal line. Spearman’s rank 
correlations (ρ) were used to assess patterns of divergence along the resource gradient. Statistics 







Figure 2.3. Community-weighted mean (CWM) trait values of canopy communities in burned 
and unburned stands along a resource gradient (PC1). Black lines represent significant or 
marginally significant regressions, with statistics indicated above panels (n.s.: P ≥ 0.05, *P < 








Figure 2.4. Model averaged coefficient estimates and 95% confidence intervals for predictors 
included in the confidence set of simple linear regression models explaining (a) total mineral 
SOC, (b) active fraction (> 53 µm) and (c) stable fraction (≤ 53 µm) C stocks.  Continuous 
predictors were standardized (mean = 0, SD = 1) to make effect sizes comparable. Relative 
importance (RI) is the sum of AICc weights of models in which the predictor appears.  Only 
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Fire increases drought vulnerability of Quercus alba juveniles by altering forest 
microclimate and nitrogen availability2 
 
Abstract 
Shifts in rainfall patterns due to climate change are expected to increase drought stress 
and mortality in forests. Natural and anthropogenic fire regimes are also changing, highlighting 
the need to understand the interactive effects of fire and drought on tree ecophysiological 
response and growth.  
Using rainout shelters, we imposed summer drought on natural and planted populations 
of Quercus alba juveniles located in periodically burned and unburned sites in Shawnee National 
Forest, IL, USA. A subset of planted juveniles was clipped to simulate topkill. We measured 
predawn leaf water potential (Ψpd), light-saturated photosynthesis (Amax) and stomatal 
conductance (gmax), and relative growth rate (RGR) across treatments to test two hypotheses: 
(H1) fire reduces juvenile drought stress by improving water relations through increased root to 
shoot ratios after topkill, or (H2) fire exacerbates juvenile drought stress by promoting a warmer, 
drier microclimate or amplifying drought-induced nitrogen (N) limitation.  
Burned stands had higher vapor pressure deficits and 13% lower soil inorganic N 
availability than unburned stands. Rainout shelters reduced soil moisture (0 – 45 cm) by 10 – 
24% relative to ambient conditions. Consistent with H2, small, natural resprouts in burned stands 
experienced greater drought stress than unburned juveniles, with a 7% decrease in leaf nitrogen 
                                                 
2Reprinted with permission from: Refsland, T. K. and J. M. Fraterrigo. 2018. Fire increases 
drought vulnerability of Quercus alba juveniles by altering forest microclimate and nitrogen 




content (LNC), a 21-29% reduction in Amax and gmax, and a 41% reduction in RGR under 
drought. Drought effects on unburned juveniles, in contrast, were limited to a 5% reduction in 
LNC and a neutral to positive effect on leaf gas exchange and RGR. Large natural juveniles were 
largely unaffected by drought. Recent resprouts (i.e., clipped, planted juveniles) experienced less 
drought stress than unclipped juveniles, providing partial support for H1.  
Collectively, these results suggest that resprouting after fire can temporarily improve leaf 
water relations until root to shoot ratios re-equilibrate. In contrast, fire can exacerbate drought-
driven declines in the growth of small juveniles by both promoting a warmer, drier microclimate 
and intensifying N limitation. Our results suggest that despite the high drought tolerance of 
Quercus spp., fire-driven changes to local microclimate and resource conditions could limit tree 
recruitment under future scenarios of rainfall variability.  
 
Introduction 
Increased temperatures and more frequent droughts due to climate change are expected to 
increase drought stress and fire activity in forests (Moritz et al. 2012). In many regions, shifts in 
moisture and fire regimes may impede tree recruitment with potential large-scale changes to tree 
species distribution, forest structure and function (Anderegg et al. 2015). Forecasting the 
response of forests to climate change and developing adaptation strategies requires an 
understanding of the ecological mechanisms governing the vulnerability of juvenile trees to both 
drought and fire (Enright et al. 2015). However, fire-drought interactions are rarely considered, 
especially with regard to their effects on forest regeneration (but see Pausas et al. 2015; Jacobsen 




Fire disturbance may have opposing effects on the drought vulnerability of juvenile trees 
because of its impact on multiple ecological processes. For fire-tolerant tree species that survive 
to resprout, fire exposure directly impacts tree physiology by killing shoot tissue and thus 
increasing root to shoot ratios (Kruger and Reich 1993; Schwilk et al. 2016). This positively 
affects tree water relations by reducing losses to transpiration (Kruger and Reich 1993), although 
the duration of this effect is unknown. Alternatively, post-fire resprouting may result in increased 
drought vulnerability due to additional effects on juvenile physiology, including carbohydrate 
depletion (McDowell et al. 2008) or changes in hydraulic function (Jacobsen et al. 2016). Fire 
may also indirectly impact juvenile tree physiology through its effects on the environment. The 
consumption of standing vegetation and leaf litter by fire increases understory light availability, 
soil surface temperatures and local evaporative demand, promoting a more xeric microclimate at 
the soil surface (Nowacki and Abrams 2008). For young trees still dependent on shallow soil 
moisture, the environmental effects of fire may intensify drought stress.  
Increased fire activity may also intensify drought impacts on forest regeneration by 
altering nutrient cycling. Drought alone can increase nitrogen (N) constraints on tree growth by 
limiting decomposition and mineralization rates (Borken and Matzner 2009; Greaver et al. 2016) 
as well as N mobility (Gessler et al. 2005) in the upper soil layers where nutrient concentrations 
are often highest (Jobbágy and Jackson 2001). Repeated burning can further constrain N 
availability to juvenile trees through reductions in organic inputs to soil and the loss of surface 
soil N by combustion (Raison 1979; Reich et al. 2001). Furthermore, fire-driven losses may scale 
with the N content of fuels, resulting in proportionally greater N losses in ecosystems with high 
leaf litter N, such as deciduous forests (Wan, Hui and Luo 2001). Consequently, frequent 




soil moisture. The effects of fire-drought interactions on nutrient cycling may be especially 
important for drought tolerant species (e.g. Quercus spp.), whose productivity is less commonly 
constrained by severe water deficit (Klos et al. 2009; Brzostek et al. 2014).  
Depending on whether resprouting or environmental effects predominate, the impacts of 
increased burning on forest regeneration could be positive, negative or neutral. Given the 
inherent coupling of these direct and indirect effects of fire, however, it has been challenging to 
identify the prevailing mechanism by which fire alters juvenile tree drought performance. This 
challenge underscores the need for manipulative field experiments to identify important 
ecological mechanisms in order to improve model estimates of post-fire tree establishment under 
changing drought regimes (Harvey et al. 2016).  Given juvenile tree establishment is a 
demographic bottleneck (Grubb 1977; Ibanez et al. 2007) and the life-stage often least capable of 
avoiding drought stress because of restricted root systems (Lyr and Hoffman 1967), evaluating 
the competing effects of fire on young tree drought response is critical for understanding and 
anticipating how recruitment dynamics may change with climate change.  
We investigated the effects of fire on tree drought response using a manipulative field 
experiment on natural and planted juvenile trees. Our main objective was to examine the 
resprouting and environmental effects of fire on tree drought vulnerability to improve our 
mechanistic understanding of tree recruitment under climate change. To accomplish our 
objective, we imposed a realistic drought on juvenile populations located in fire-managed and 
suppressed areas across multiple stands, quantifying drought vulnerability by measuring tree 
physiological and growth responses. Juveniles were either natural resprouts or planted 
individuals clipped prior to leafout to simulate topkill from fire. Using planted juveniles allowed 




whereas natural resprouts would be influenced by both resprouting and environmental effects. 
We tested two hypotheses about how fire affects the drought vulnerability of juvenile trees:  
 
H1) fire reduces juvenile drought stress by improving water relations through increased root to 
shoot ratios after topkill 
H2) fire exacerbates juvenile drought stress by promoting a warmer, drier microclimate and/or 
intensifying N limitation  
 
Materials and methods 
Study site 
We selected two mature, upland forest sites within SNF that contained both burned and 
unburned stands. Burned stands were approximately 167 and 263 ha each and experienced three 
to four prescribed fires from 2002 – 2013, with the most recent fire in February 2013. Records 
from nearby sites found maximum fire temperatures at the soil surface ranging from 75 °C to 
300 °C (Wagner and Fraterrigo 2015). Unburned stands had no visual evidence of recent burns 
nor any record of fire activity since at least 1980, according to United States Forest Service 
records. Both sites had similar elevations (170 – 200 m) and slopes (10 - 25%).  
Within each site, we established nine plots on south-facing slopes in burned and nearby 
(< 1 km) unburned stands (n = 18 plots total). South-facing slopes were selected because they are 
characterized by shallow, well-drained soils where rooting depth is restricted by a fragipan 
(Bazzaz 1968), providing a natural means to restrict deep-rooting species (e.g. Quercus) from 
reaching the water table. Each plot contained two subplots (16 m2 each) that were spaced 




assigned to either drought or ambient moisture treatment (n = 18 subplots each, 36 subplots 
total). Drought subplots were covered with a 16 m2 rainout shelter, constructed of clear 0.15 mm 
thick polyethylene greenhouse fabric (International Greenhouse Company, Danville, IL, USA) 
and suspended 2 m above the ground (Fig. B.1). During 2014 and 2015, rainout shelters were in 
place for the growing season (April – October) and taken down for the winter to allow for 
unobstructed litterfall. To account for the artifact of a ~ 10% reduction in light caused by the 
rainout shelters, ambient subplots were covered with shade cloth made of deer netting (Dalen 
Products Inc., Knoxville, TN, USA) suspended 2 m above each plot. 
In April 2014, we identified and tagged all existing, natural Q. alba juveniles (< 1.4 m 
tall) within the center 4 m2 of each subplot to avoid edge effects (n = 255). Subplots contained at 
least three natural Q. alba juveniles and few nearby Q. alba adults to minimize the presence of 
adult stump sprouts. In March 2015, we planted 12 Q. alba juveniles, spaced approximately 0.75 
m apart, within the center 4 m2 of each subplot (n = 432). Planted juveniles were one-year old, 
bareroot stock originally grown from seed (Hensler Nursery, Hamlet, IN, USA) that were given 
four weeks to establish before rainout shelters were reinstalled. To help separate the effects of 
post-fire environment from post-fire resprouting, half of the planted juveniles in each subplot 
were randomly assigned to be clipped (n = 216) and prior to leaf out in March 2015, clipped 
juveniles were coppiced approximately 2 cm above the ground to simulate dieback after fire 
(Kruger and Reich 1993). Most (n = 196) clipped individuals resprouted from dormant buds near 
the root collar, and subsequent measurements were made on these resprouts. Throughout, 
‘resprout’ refers to both natural juveniles in burned plots only and clipped, planted juveniles in 
burned and unburned plots. Although we did not conduct pre- and post-fire surveys to confirm 




sprouts) that strongly supports their classification as resprouts. Natural juveniles in unburned 
plots were not considered resprouts, as we did not find any visual evidence that individuals had 
recently resprouted from non-fire forms of injury or growth (e.g. stump sprouting).  
 
Leaf water potential and leaf gas exchange 
To investigate drought-fire effects on Q. alba leaf water relations, we measured predawn 
(Ψpd) and midday leaf water potentials (Ψmd) of juveniles once between July 16 to August 25, 
2015 on a randomly selected subset of plots. We measured Ψleaf on freshly clipped stems 
containing several mature, undamaged leaves that had been wrapped in foil-laminate bags for 15 
min to equilibrate stem and leaf Ψ prior to clipping. Ψpd was measured approximately 1-2 h prior 
to dawn and Ψmd measured between 12:00-14:00 using a pressure chamber (PMS 1000, Albany, 
OR, USA).  
To quantify drought-fire effects on maximum leaf gas exchange rates, we measured light-
saturated photosynthetic rate (Amax) and leaf stomatal conductance (gmax) with an infrared gas 
analyzer (LI-COR 6400, Lincoln, NE, USA). Chamber conditions were set to 1500 µmol 
photons m-2 s-1, 400 ppm [CO2], and 400 mol s-1 air flow while temperature and humidity were 
set and maintained at ambient levels during each measurement (see Appendix B). Leaf gas 
exchange was measured once for natural juveniles between July and August 2014 and again for 
natural and planted juveniles between June and August 2015.  
 
Juvenile relative growth rate 
We measured juvenile basal diameter, height and number of leaves at the beginning and 




August 2015 for planted juveniles). To estimate the relationship between size measurements and 
aboveground biomass (AGB), we harvested Q. alba juveniles near the study plots, dried and 
weighed all aboveground components of each individual. For multi-stemmed individuals, AGB 
was calculated separately for each stem and then summed together. Due to potential differences 
in tree allometry (Mascaro et al. 2011), we fit separate allometric equations for small (initial 
height ≤ 25 cm) and large juveniles (Table B.1). Leaf count was excluded when estimating AGB 
of planted juveniles because leaf-out was incomplete for many planted individuals during the 
May 2015 census. We calculated the RGR using the equation: [ln(total final biomass) – ln(total 
initial biomass) / time interval] (Poorter and Lewis 1986).  
 
Environmental covariates 
To assess the effectiveness of the drought treatment, we determined gravimetric soil 
moisture content (SWC) (105°C, g H20 g soil-1) in all plots from soil samples collected at 15 cm 
increments to a depth of 45 cm in June and August. Additionally, we collected continuous 
volumetric SWC data (15 and 30 cm depths) in 2014-2015 at a subset of the plots (n = 6) using 
data loggers (Onset HOBO Micro Station with EC-5 moisture sensors, Bourne, MA, USA). 
To estimate changes to the forest microclimate, we estimated understory light 
availability, air temperature and vapor pressure deficit (VPD) across plots. Light availability was 
quantified in June and August 2015 using a line quantum light sensor (LI-COR 191, Lincoln, 
NE, USA) (Appendix B). Air temperature was measured in 2015 using the HOBO Micro 
Stations with probes installed 20 cm above the ground surface and covered with white plastic 
cups to deflect sunlight. Maximum daily air temperature data were used to estimate daily vapor 




collected from the nearby (< 15 km) Dixon Springs weather station (Illinois Climate Network 
2017).  
We explored the effects of drought-fire interactions on N dynamics by quantifying soil 
inorganic N availability and leaf N content (LNC). Specifically, a pair of activated anion and 
cation resin membranes (6.0 x 2.5 cm) were installed at 0-6 cm depth in each plot and left in situ 
for 30 d (July – August 2014). After removal, membranes were processed and analyzed for 
NH4+-N using the phenolate method, and NO3- plus NO2- -N (hereafter referred to as NO3-) using 
a cadmium column reduction on a Lachat QuickChem 8500 (Hach Company, Loveland, 
Colorado, USA) (Appendix B). To determine LNC, we used leaves from natural (n = 42) and 
planted (unclipped only; n = 34) individuals harvested for leaf water potential and analyzed each 
for LNC on a mass-basis (mg N g-1) using gas chromatography (Costech Elemental Analyzer, 
Valencia, CA USA). 
 
Statistical analysis 
We used separate linear mixed effects models to estimate the effects of drought, fire and 
their interaction on gravimetric SWC, light, soil N availability, and juvenile tree LNC. Site and 
year were included as additional fixed effects and plot was coded as a random effect. The effects 
of drought and fire treatments on continuous volumetric SWC, maximum daily air temperature 
and VPD were estimated by first averaging the data by day and then running generalized least 
squares models with a first-order, autoregressive covariance structure to account for temporal 
autocorrelation.  
We used linear mixed effects models to quantify the effects of drought, fire and their 




individuals. We included the fixed effects of initial tree basal area (BA), year (natural juveniles 
only), clipping (planted juveniles only), total understory plant cover, site and their interactions 
with drought and fire. Plot was included as a random effect. Total understory plant cover was 
included as a covariate to control for differences in juvenile tree density across plots. Drought 
and clipping were modelled as a binary or continuous (i.e. gravimetric SWC, 0-15 cm depth and 
initial juvenile tree BA, respectively) predictors depending on which approach produced the best 
performing model according to AICc. Analyses were conducted using the ‘nlme’ package 
(Pinheiro et al. 2017) in R version 3.3.3 (R Core Team 2017). 
Because drought intensity varied among plots, we also modeled plot-level differences in 
leaf gas exchange and RGR between paired drought and ambient subplots as a function of SWC 
using ANCOVA. For each plot we subtracted the mean juvenile tree response in the drought 
subplot from the mean response in the paired ambient subplot (e.g. RGR = RGRdrought – 
RGRambient). The plot-level response was then modeled as a function of drought-induced change 
in gravimetric soil moisture (0-15 cm depth; SWC = SWCdrought - SWCambient). To account for 
size-based differences in tree drought response, plot-level responses were calculated separately 
for each size class (small ≤ 0.40 cm2 initial BA < large; natural juveniles only) and clipping 
treatment (planted juveniles only). Note that in contrast to the size cut-off used for the allometric 
calculations (small ≤ 25 cm initial height), the median initial BA of natural juveniles (small ≤ 
0.40 cm2) was used as the size cut-off for the ANCOVA models and graphing purposes. For all 
models, collinearity within each model was assessed by calculating the variance inflation factors 
(VIF) and excluding any terms with VIF > 5. Initial juvenile tree BA and soil N availability were 







Drought treatment had a significant effect on soil water content, reducing mean 
gravimetric SWC (0 – 45 cm) by 9.4% (± 3% SE) in 2014 and 19.6% (± 4%) in 2015 (drought x 
year P < 0.001) relative to ambient conditions across both fire treatments. Averaging across 
years, drought reduced SWC by 24.4% (± 5%) in shallow soils (≤ 15 cm) and 9.6% (± 3%) in 
deep soils (20 – 45 cm) compared to ambient conditions (drought x depth: P < 0.001; Fig. B.2). 
Daily volumetric SWC showed similar patterns during the two years, with the drought treatment 
reducing shallow and deep volumetric SWC by 34.2% (± 16%) and 9.7% (± 2%), respectively, 
relative to ambient conditions (drought: P < 0.001, drought x depth: P > 0.05; Fig. 3.1a). 
Drought-induced reductions in SWC were marginally greater in unburned than burned plots, but 
only in 2015 (drought x fire x year: P = 0.08). 
  
Microclimate 
Burned plots had significantly greater light availability than unburned plots, with 
understories in burned plots receiving 15.6% (± 3% SE) of total PAR compared to 6.8% (± 2%) 
in unburned plots (P = 0.03). Light availability did not differ between drought and ambient 
treatments (Fig. B.3).  Maximum daily air temperatures from April – October 2015 were 1.31 °C 
(± 0.6 °C) higher in burned than unburned plots (P < 0.001), and within burn plots, air 
temperatures were 1.12 °C (± 0.6 °C) higher in drought than ambient subplots (P = 0.05) (n.s. 
drought x fire interaction) (Fig. 3.1b). As a result, burned, drought subplots had maximum air 
temperatures that averaged 2.44 °C (± 1.0 °C) higher than unburned, ambient subplots. Mean 




differ with drought treatment and there was no interaction with fire treatment (Fig. 3.1c). 
Averaging across drought treatment, mean VPD was 2.03 kPa (± 0.03 SE) in unburned plots and 
2.24 kPa (± 0.04 SE) in burned plots.  
 
Soil and leaf nitrogen response to drought and fire 
Total soil inorganic N availability declined 56.3% (± 7% SE) with drought (P = 0.03; Fig. 
3.2) and was 14% (± 17%) lower in burned than unburned plots, but only under ambient 
conditions (drought x fire: P = 0.04; Fig. 3.2). Small, natural juveniles (≤ 0.4 cm2 BA) 
experienced significant declines in LNC (-2.73 mg N g-1 ± 0.8) with fire treatment (fire x 
sizeclass: P = 0.01) and marginal declines (-1.19 mg N g-1 ± 0.6) with drought (drought x 
sizeclass: P = 0.06) (n.s. drought x fire interaction) (Fig. B.4a). LNC of large, natural juveniles 
did not differ across treatments. Fire and drought significantly reduced the LNC of unclipped, 
planted individuals by 2.47 (± 0.7) and 2.33 (± 0.7) mg N g-1 relative to unburned and ambient 
conditions, respectively (fire: P = 0.03, drought: P = 0.04, n.s. drought x fire interaction) (Fig. 
B.4b).  
 
Leaf water potential response to drought and fire 
Drought resulted in small, but significant reductions in predawn (Ψpd) (P < 0.01) and 
midday (Ψmd) leaf water potentials of natural juveniles (P = 0.02), whereas there was no main or 
interactive effect of fire on Ψleaf (Fig. 3.3a). Drought reduced Ψpd of individuals by 0.12 MPa (± 
0.03 SE) relative to ambient conditions whereas drought effects on Ψmd depended on tree size: 
small juveniles experienced a 0.57 MPa (± 0.2) reduction while large individuals experienced no 




For planted juveniles, drought effects on Ψleaf depended on both fire and clipping 
treatment (SWC x fire x clipping: P = 0.04). Specifically, Ψpd and Ψmd for unclipped juveniles 
were reduced marginally more with drought in burned than unburned plots (unclipped only, SWC 
x fire: P = 0.09), whereas Ψleaf of clipped individuals was unaffected by drought and fire (Fig. 
3.3b).  
 
Leaf gas exchange response to drought and fire 
 For natural juveniles, light-saturated assimilation (Amax) and leaf conductance (gmax) were 
reduced more with drought in burned than unburned plots (SWC x fire: P = 0.07 and P = 0.03, 
respectively; Fig. B.5), after controlling for tree size, year and understory cover (Table B.2, B.3). 
Examining plot-level differences between drought and ambient pairs further revealed that leaf 
gas exchange rates of small individuals in burned plots declined more steeply with drought 
intensity than small individuals in unburned plots. Specifically, drought-induced declines in Amax 
averaged -1.94 (± 1.1 SE) µmol m-2 s-1 for small, burned juveniles while being negligible for 
small, unburned juveniles (0.25 ± 0.7 µmol m-2 s-1) (ANCOVA, fire: P < 0.01) (Fig. 3.4a). 
Drought-induced declines in gmax averaged -0.03 (± 0.02) mol m-2 s-1 for small, burned 
individuals while small, unburned individuals experienced no effect relative to ambient 
conditions (0.01 ± 0.02 mol m-2 s-1) (ANCOVA, fire: P = 0.03) (Fig. B.6a). Large juveniles were 
unaffected by drought regardless of fire treatment. 
For unclipped, planted juveniles, Amax and gmax were reduced more with drought for 
individuals planted in burned than unburned plots (SWC x fire: P < 0.05) (Table B.4, B.5; Fig. 
B.7). Clipping diminished the interactive effects of drought and fire on Amax (SWC x fire x BA: P 




juveniles were unresponsive to drought and fire (Table B.4, B.5; Fig. B.7). Examining plot-level 
differences revealed that leaf gas exchange rates of unclipped juveniles planted in burned plots 
declined more steeply with drought intensity than those planted in unburned stands. Specifically, 
drought-induced declines in Amax averaged -2.73 (± 1.2 SE) and -0.16 (± 0.9) µmol m-2 s-1 for 
those planted in burned and unburned plots, respectively (ANCOVA, fire: P = 0.03) (Fig. 3.4b). 
Drought-induced declines in gmax averaged -0.04 (± 0.02) mol m-2 s-1 for unclipped juveniles 
planted in burned plots while being negligible for juveniles planted in unburned plots 
(ANCOVA, fire: P < 0.01) (Fig. B.6b). 
 
Relative growth rate response to drought and fire 
The effect of drought on the relative growth rates (RGR) of natural juveniles depended on 
fire (SWC x fire: P = 0.02), with unburned individuals showing a positive response and burned 
individuals showing a negative response to drought relative to ambient conditions, after 
controlling for tree size and site (Table B.6) Plot-level comparisons revealed that the effects of 
drought on RGR depended on drought intensity, fire treatment and tree size (Fig. 3.5a). Fire 
significantly affected the direction of juvenile growth response growth to drought; the RGR of 
burned juveniles decreased with increasing drought severity whereas the RGR of unburned 
juveniles increased (SWC x fire: P = 0.03) (Fig. 3.5a). In burned plots, the RGR of small 
juveniles was reduced marginally more by drought than large juveniles (for burned plots only, 
SWC x size class: P = 0.07) (Fig. B.8). There was not a significant three-way interaction between 




For planted juveniles, drought reduced RGR for unclipped but not clipped individuals 
relative to ambient conditions (SWC x clipping: P < 0.001; Fig. B.9), after controlling for initial 
tree size (Table B.7). Plot-level comparisons show that the RGR of unclipped juveniles was 
reduced significantly more by drought in burned than unburned plots (for unclipped only, fire: P 
< 0.001), whereas fire had no effect on clipped juveniles (Fig. 3.5b). 
 
Discussion 
We used a field experiment to investigate how fire affects juvenile tree drought 
performance. Comparing the responses of natural Q. alba juveniles with those of planted 
individuals allowed us to differentiate between potential positive, resprouting effects (H1) and 
negative, environmental effects (H2) of fire on drought response. In partial support of H1, we 
found clipped, planted individuals that recently resprouted maintained higher leaf water 
potentials (Fig. 3.3b), assimilation rates (Fig. 3.4b) and RGR (Fig. 3.5b) during drought than 
unclipped, planted individuals. In support of H2, we observed appreciable drought-driven 
declines in LNC (Fig. B.4), leaf gas exchange (Fig. 3.4) and aboveground RGR (Fig. 3.5) for 
small natural resprouts and unclipped planted juveniles in burned plots, suggesting the warmer 
and drier conditions as well as reduced N availability observed in burned stands exacerbates 
drought stress for small juveniles. Together, these results indicate that fire-driven changes to 
forest microclimate and N cycling overwhelm the shorter-term benefits of resprouting on drought 
vulnerability. Ultimately, however, we find the susceptibility of Q. alba juveniles to these 
drought-fire interactions declines with ontogeny, presumably due to the development of a deep 
root system. To our knowledge, this is the first field experiment to separate the direct, 




drought vulnerability. These findings indicate that fire can interact with drought through multiple 
ecological mechanisms to influence the growth of juvenile trees and consequently, drought-fire 
interactions are important to consider when forecasting future forest regeneration under climate 
change.  
 
H1: Burned resprouts will have improved water relations and drought performance relative to 
unburned controls 
We found limited support that resprouts have improved water relations relative to 
unburned, non-resprouting individuals. Specifically, clipping of planted individuals resulted in 
smaller reductions in leaf water potential with drought relative to unclipped controls (Fig. 3.3b). 
In contrast, the water relations of natural juveniles were largely unaffected by our 
experimentally-imposed drought, regardless of whether they were resprouts (Fig. 3.3a). The lack 
of drought effects on the predawn leaf water potential of natural juveniles suggests that these 
individuals were capable of accessing deeper soil moisture. Despite this, leaf gas exchange rates 
and RGR of small, natural juveniles were reduced more by drought in burned than unburned 
plots, in contrast with the response of clipped planted juveniles, which did not differ with fire 
treatment (Figs. 3.4 and 3.5). Taken together, these results suggest that the benefits of 
resprouting for overall drought performance are temporary and can be overwhelmed by the 
environmental effects of fire.  
Our findings are consistent with past studies that find resprouts maintain better water 
status under drought than non-resprouting individuals, but only for the first few years after fire 
(Fleck et al. 1998; Pena-Rojas et al. 2004; Clemente et al. 2005). Resprouts rapidly reallocate 




and transpiration rates. Of the few studies that examined the long-term influence of resprouting 
on drought response, they found the effects on juvenile tree ecophysiology were limited to four 
to five years (Wellington 1984; Hodgkinson 1992). Results from our study suggest the effects of 
resprouting on Q. alba water relations are limited to less than three years. While planted 
individuals were clipped immediately prior to the study, postfire resprouting of natural juveniles 
occurred 3 years prior to the beginning of the experiment (March 2013). Although we did not 
measure root to shoot ratios, natural resprouts had more time than clipped, planted juveniles to 
return to pre-fire root to shoot ratios.  
The physiological and growth responses of large, natural resprouts and clipped, planted 
individuals were similarly or less affected by drought than their non-resprouting counterparts 
(e.g. Figs. 3.3 and 3.5). Our finding contrasts with other work suggesting that resprouts may be 
more susceptible to drought stress and mortality than unburned individuals due to carbohydrate 
depletion (McDowell et al. 2008; Pratt et al. 2014; Pausas et al. 2015) or changes in hydraulic 
structure and function, e.g. increased cavitation risk (Jacobsen et al. 2016). Although we did not 
measure carbohydrates or cavitation risk, there are at least three key differences between our 
study and those that find negative effects of resprouting on drought vulnerability: fire season, fire 
frequency and drought severity. First, both fire-induced resprouting and clipping occurred prior 
to leaf out in our study, which likely minimized the depletion of belowground reserves (starch 
and nutrients) relative to studies of resprouts recovering from summer fires when carbohydrate 
reserves are at seasonal lows (Pratt et al. 2014). Second, our study concerned periodic fire 
disturbance (3-4 yr return interval) rather than the more frequent disturbances (< 2 yr interval) 
shown to exhaust tree carbon reserves (Bonfil et al. 2004). Finally, as indicated by the relatively 




natural and experimental droughts documented in other studies (McDowell et al. 2008; Pratt et 
al. 2014). Regardless of disturbance timing or frequency, resprouts will not deplete their 
carbohydrate stores if the drought event is too short or low intensity to impose stomatal 
restriction (McDowell et al. 2008).  
 
H2: Effects of burning on the environment will exacerbate drought effects 
We found that within 15 years of reintroducing prescribed fires, burned forest 
understories had higher maximum air temperatures and VPD than unburned forests (Fig. 3.1). 
These fire-driven changes in microclimate had significant functional consequences for both 
small, natural juveniles and unclipped, planted Q. alba juveniles, which showed greater drought-
induced declines in assimilation and growth in burned than unburned forests, in support of H2 
(Figs. 3.4 and 3.5). Our results are consistent with past research that finds under shade conditions 
where sunlight is the primary limitation for plant growth, water stress often has minimal impacts 
on plant performance (i.e. the light-water model) (Canham et al. 1996; Holmgren et al. 1997). 
With the reintroduction of fire and opening of the forest canopy, plant growth becomes less light-
inhibited and instead, more responsive to soil moisture and other limiting resources (Wagner and 
Fraterrigo 2015).  
Our findings are novel in that they suggest recurrent surface fires can have lasting effects 
on forest understory microclimate which in turn have negative consequences for juvenile trees 
exposed to drought. Most studies concerning the functional consequences of fire-driven changes 
to environmental conditions have focused on stand-replacing crown fires. Unlike surface fires, 
crown fires often reduce canopy leaf area and tree density, resulting in increased throughfall and 




temperature via increased air movement through the understory (Chen et al. 1995). As a result, 
trees regenerating from crown fires can exhibit higher water availability than unburned 
individuals (Clemente et al. 2005; Parra and Moreno 2017). In contrast, repeat surface fires can 
increase solar radiation and temperatures in the understory (Iverson and Hutchinson 2002; Hart 
et al. 2005), especially on south-facing slopes, where solar radiation and daily temperatures reach 
their extremes (Chen et al. 1995). Our results show that fire-driven changes to understory light 
availability can be particularly important in closed canopy forests, where relative increase in 
light levels between unburned and burned forests can be substantial (i.e. two-fold increase, Fig. 
B.3) (Iverson and Hutchinson 2002; Hart et al. 2005). Furthermore, unlike evergreen woody 
species adapted to drought-prone environments that experience crown fires (i.e. chaparral 
shrublands), deciduous broadleaf tree species like Q. alba are relatively shade tolerant and thus 
characterized by lower leaf mass per area and relatively higher water and nitrogen demand 
(Valladares and Niinemets 2008). Such traits may predispose them to even moderate changes to 
microclimate and other fire-driven impacts (e.g. N-limitation) more than highly drought-adapted, 
schlerophyllous vegetation (Quero et al. 2006). Our findings suggest that these moderate changes 
to forest microclimate can have strong, persistent effects on the drought vulnerability of small 
juveniles and underscores the importance of studying drought-fire interactions in both xeric and 
mesic environments.  
 
Drought-fire interactions on N cycling 
In addition to microclimate effects, we found that the dual disturbances of fire and 
drought had negative, non-additive effects on soil N availability and LNC of small juveniles 




analysis that projected that long-term, fire-driven N losses will suppress the productivity of 
temperate broadleaf forests (Pellegrini et al. 2017). However, the observed reductions in soil N 
availability with fire were small compared to drought-driven effects. Lack of soil moisture can 
limit plant nutrient uptake by reducing N mineralization rates (Borken and Matzner 2009), but 
also by limiting diffusion and mass flow of nutrients to roots (Kreuzwieser and Gessler 2010). 
As a result, tissue N concentrations and photosynthetic capacity can decline (Field and Mooney 
1986; Reich et al. 1991). Indeed, we found a weak, positive correlation between juvenile LNC 
and assimilation rates (Fig. B.10). Although water stress frequently limits photosynthesis and 
growth, most studies identify stomatal closure rather than N limitation as the primary mechanism 
by which water stress reduces plant carbon gain (Bota et al. 2004; Kuster et al. 2012). Our 
findings suggest that under conditions of prolonged but less severe moisture stress, drought-
driven reductions in nutrient supply may be a more important constraint on oak regeneration 
dynamics than water limitation. Further studies are needed on the relative importance of drought 
effects on N uptake relative to CO2 assimilation in less drought prone ecosystems (e.g. temperate 
broadleaf forests).  
 
Response to drought-fire interactions shifts with tree ontogeny 
Our results show that the vulnerability of juvenile trees to drought-fire effects varies with 
ontogeny, likely due to changing tolerances and strategies for coping with stress as trees mature 
(Niinemets 2010; Fisichelli et al. 2014).  Although we did not quantify the belowground biomass 
of juveniles, root biomass and rooting depth generally scale positively with aboveground size in 
trees (Dawson and Ehleringer 1991; Cairns et al. 1997; Mokany et al. 2006). As soil moisture 




water (Lyford 1980; Dawson 1996) were better equipped to avoid water and nitrogen stress 
during drought, especially in burned environments.  
Specifically, our findings suggest a size threshold (0.4 cm2 BA) below which Q. alba 
juveniles are most vulnerable to the environmental-mediated effects of fire on drought stress. 
Similarly, Cavender-Bares and Bazzaz (2000) found that drought vulnerability of Q. rubra was 
highest for individuals smaller than ≈ 0.8 cm2 BA. Our study identifies a specific ontogenetic 
threshold that may help to improve predictions of regeneration dynamics under changing drought 
and fire regimes. Additionally, these results underscore the need for additional, mechanistic 
research on the response of natural, field-grown juvenile trees to varying drought intensities in 
order to inform predictions of forest vulnerability to climate change (McDowell et al. 2013).  
 
Conclusions 
By studying the functional response of natural and planted populations of a resprouting 
tree species to an experimental drought imposed in sites with contrasting fire histories, we were 
able to evaluate the relative ecological importance of post-fire resprouting versus environmental 
conditions on juvenile tree water relations and growth during drought. We discovered that both 
planted and small, natural Q. alba juveniles in repeatedly burned forests experienced 
significantly greater drought-induced declines in leaf gas exchange and growth rates than 
individuals in unburned forests, most likely due to fire-driven changes to microclimate. We show 
that the positive effects of post-fire resprouting on drought avoidance are temporary and 
outweighed by the effects of environmental changes resulting from fire. Our results suggest that 
despite the high drought tolerance of Quercus spp., changes to the forest microclimate from 




that have yet to develop deep tap roots. To understand post-fire regeneration under drought, more 
studies are needed that span a wider range of fire and drought regimes. As our findings highlight, 
even low-intensity surface fires may have unanticipated negative consequences for forest 
recruitment in a changing climate. 
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Figure 3.1. Daily mean (a) volumetric soil moisture content (m3 m-3) to 15cm depth, (b) 
maximum air temperature (°C) and (C) vapor pressure deficit (VPD, kPa) by fire and drought 
treatment. Measurements were taken June 9 – Oct 8, 2014 and April 10 – Oct 21, 2015 for SWC 







Figure 3.2. Mean (± SE) soil inorganic N availability across drought and fire treatments. Values 
are seasonal means from ion-exchange membranes collected in June and August, 2014. Different 



















Figure 3.3. Mean (± SE) predawn and midday leaf water potential (mean ± SE) of (a) small 
(basal area ≤ 0.4 cm2) and large, natural juveniles and (b) unclipped and clipped, planted 
juveniles across drought and fire treatments. Values are seasonal means from measurements 
taken in July and August 2015. Dashed lines indicate the average Ψleaf  for initiation of stomatal 
closure in Q. alba (Hinckley et al. 1978).  Significant pair-wise differences between ambient and 












Figure 3.4. Drought-induced change (drought – ambient) in plot-level mean light-saturated 
assimilation (Amax) of (a) small (basal area ≤ 0.4 cm2) and large, natural Q. alba juveniles and 
(b) unclipped and clipped, planted Q. alba juveniles as a function of drought-induced change in 
gravimetric soil water content (SWC; 0-15cm). Values are interannual means (June to August 
2014 and 2015) for natural juveniles and seasonal means (June to August 2015) for planted 










Figure 3.5. Drought-induced change (drought – ambient) in plot-level mean relative growth rate 
(RGR) of (a) small (basal area ≤ 0.4 cm2) and large, natural Q. alba juveniles and (b) unclipped 
and clipped, planted Q. alba juveniles as a function of drought-induced change in gravimetric 
soil water content (SWC; 0-15cm). Growth was observed from May 2014 to August 2015 for 
natural juveniles and from May 2015 to August 2015 for planted individuals. Black lines 
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Human-induced changes to climate and fire regimes are expected to have considerable 
consequences for future forest productivity and functioning. Additionally, there is increasing 
need for practical strategies to mitigate the vulnerability of forests to threats such as increased 
frequency and intensity of droughts. Manipulating tree population density and thus minimizing 
density-dependent competition for resources has emerged as one potential strategy to moderate 
drought-induced stress. Thus far, however, studies have focused on thinning experiments and 
have largely overlooked other commonly used management techniques, most notably prescribed 
fire. The long-term effect of increased fire frequency on the climate-growth response of trees 
remains poorly quantified.   
We measured the basal area increment (BAI) of adult oak (Quercus spp.) trees in the 
Missouri Ozarks, USA that experienced unburned, annual or periodic (every 4 years) prescribed 
fire treatments from 1950 – 2015. To assess whether increased fire frequency interacts with 
climate to determine long-term forest productivity, we modeled tree-level BAI as a function of 
potential evapotranspiration (PET), fire treatment and their interaction. We also quantified the 
effect of fire-driven reductions in tree population density on drought resistance (growth during 
drought), resilience (recovery of growth after drought) during past drought events identified 




Periodic and annual burning reduced total litter N concentrations by 28-32% relative to 
controls and periodic, but not annual, burning reduced NH4+ availability (0-10 cm depth) by 26% 
relative to controls. Contrary to our predictions, frequently burned forests did not differ in 
drought resistance or resilience relative to controls. Rather, our results show that periodic, but 
not annual, fires reduced tree growth during wet periods favorable to growth, an effect we 
attribute to the observed, fire-driven reductions in inorganic N availability.  
Our results suggest that long-term manipulations of fire frequency can have negative 
effects on long-term forest productivity, but effects are contingent upon the return interval and 
therefore intensity of fires. These results highlight important differences in how fire and thinning 
disturbance influence density-dependent competition and the response of tree growth to climate. 
Although additional studies are needed from other forest ecosystems, this study suggests fire has 
limited effectiveness in mediating drought stress and instead, may constrain tree growth via 
changes to nitrogen cycling.  
 
Introduction 
Climate change is expected to increase drought stress in forests, with widespread, 
negative consequences for forest productivity and functioning (Choat et al. 2012, Anderegg et al. 
2015). Additionally, observed and projected increases in natural and anthropogenic fire activity 
(Westerling et al. 2006, Melvin 2012, Moritz et al. 2012) will have lasting effects on forest 
structure. These concurrent changes highlight the need to understand the interactive effects of 
fire and drought on forest functioning. Few studies to date, however, have examined how long-




 Among other factors, increased fire frequency may influence the drought response and 
recovery of trees through its effect on forest structure, soil nutrient availability, or both. 
Frequent, recurring fires alter forest structure by reducing stem density (Peterson and Reich 
2001, Knapp et al. 2015). This may in turn reduce transpiration and competition for water and 
increase subsurface water availability (DeBano et al. 1998). Past studies have shown that 
reduced stand density through thinning can at least temporarily buffer against drought-induced 
declines in tree growth and improve post-drought recovery relative to unthinned stands (Breda et 
al. 1995, D'Amato et al. 2013, Bottero et al. 2017). It remains unclear, however, whether long-
term structural changes to forests with fire may similarly affect forest functioning during 
drought. 
 Frequent, recurring fires may also compound drought-driven reductions in forest 
productivity through its pronounced effects on soil nitrogen (N) availability. Over decades, 
repeat surface fires generally reduce soil N availability through volatilization (Raison 1979, 
Ojima et al. 1994), reduced forest floor organic matter and declines in mineralization rates 
associated with greater grass abundance (Wedin and Tilman 1990, Reich et al. 2001). These fire-
driven declines in N availability may limit plant productivity, especially with frequent fire (Reich 
et al. 2001, Pellegrini et al. 2017). Drought also has a substantial influence on N cycling in 
forests, including a general decline in N mineralization rates under dry soil conditions (Borken 
and Matzner 2009, Greaver et al. 2016). Taken together, this fire-driven decline in N availability 
may both constrain the recovery of tree growth after drought and continue to limit forest 
productivity under favorable, wet conditions.  
Despite the increasing importance of forecasting forest response to changing disturbance 




disturbance occurs over decades to centuries. Tree rings provide a historical record of annual 
growth rates that are influenced by both climatic and environmental conditions (Fritts 1976). 
Depending on whether fire-driven reductions in density-dependent competition or N availability 
predominate, long-term changes in fire frequency may have positive, negative or neutral 
consequences for the drought vulnerability of trees and, consequently, forest productivity under 
climate change (Biondi 1999).  
To assess the long-term, interactive effects of fire and climate on forest productivity, we 
compared annual radial growth patterns of adult oak (Quercus spp.) trees grown under 60 years 
of contrasting fire disturbance histories. We paired these growth data with data on stand density 
and soil N availability across treatments to test the following hypotheses: 
 
H1) If increased fire frequency reduces density-dependent competition for water, then 
individuals in burned stands will show greater resistance and resilience in annual growth to past 
drought stress than unburned individuals. 
H2) If increased fire frequency intensifies nitrogen limitation, then individuals in burned stands 
will have reduced annual growth rates relative to unburned individuals, especially during wet 
periods favorable for growth.   
(H3) If fire intensity mediates the degree to which drought-fire interactions affect tree growth, 
then periodic burns, with greater fuel loads and hotter temperatures, will have a larger effect on 








Study site and experimental design 
The study was conducted at the University Forest Conservation Area within the Black 
River Ozark Border Subsection of the Ozark Highlands Ecological Section (~ 36°54’N, 90° 
19’W). Soils are moderately well-drained, upland soils formed in loess with fragipan that 
impedes drainage at moderate depths. Soils are characterized as the Loring silt loam and Captina 
silt loam series. Mean annual temperature is 14.4°C and mean annual precipitation is 113 cm. 
Dominant tree species include post oak (Quercus stellata), scarlet oak (Quercus coccinea), black 
oak (Quercus velutina), southern red oak (Quercus falcata) and hickories (Carya spp.).  
The experiment has a randomized complete block design, with plots assigned to one of 
three treatments (1) unburned controls (2) annually burned since 1951 and (3) periodic burned 
(four-year return interval) (Knapp et al. 2015). Treatment began in 1949 in one block and 1951 
in the other block, with all burns conducted between March and May. Each block includes two 
plots for each treatment, however the two annual plots and two periodic plots within each block 
were burned with a single fire and therefore considered the same treatment unit for analyses. For 
more details on the experimental design, see Knapp et al. (2015).  
The effect of the fire treatments on stand structure are described elsewhere (Knapp et al. 
2015, 2017). Briefly, after 63 years of treatment (2013), annual and periodic burns reduced mean 
basal area by 16% and 26%, respectively, relative to controls (Fig. C.1a). Fire-driven changes to 
adult tree density were similar, with annual and periodic burning reducing stem density by 25% 
and 44%, respectively, relative to controls (Fig. C.1b).  Canopy leaf area index (LAI) in 2013 
was reduced by 33% and 47% in annual and periodic burned plots, respectively, relative to 




2013 was greater for populations in annual and periodic burned treatments than controls, 
primarily due to the lack of small stems in burn plots (Fig. C.2). 
 
Ring-width sampling and measurement 
We collected increment cores in March 2015 from 180 adult trees (≥ 10 cm DBH) from 
the two most abundant species: Q. stellata and Q. falcata. Individuals were randomly selected 
inside each plot. For each tree, we used a Haglöf borer to extract one 5-mm diameter core from 
the southern side of the trunk at breast height. Cores were air-dried at 20°C for 72h to reach 
constant mass. In the laboratory, cores were sanded until tree rings were clearly visible and 
scanned at high resolution (1200 pixels per inch). Cores were visually cross-dated and dates 
checked using COFECHA (Holmes 1983). After correcting for any dating errors, early and late 
ring-width measurements were made to 0.01 mm precision using the Velmex TA measurement 
system and MeasureJ2X software (VoorTech Consulting, Holderness, NH). We calculated tree-
level total (early and latewood) and latewood-only basal area increment (BAI, cm2) for each year 
using the ‘dplR’ package in R (Bunn 2008).  
 
Environmental covariates 
To characterize density-dependent competition, we used basal area (m2 ha-1) and adult 
tree (≥  10cm DBH) density (stems ha-1) data collected in 1950 (pre-treatment), 1964, and 2013 
(Knapp et al. 2017).  
We quantified fire-driven changes to total and inorganic N availability by collecting soil 
samples across the treatments. Six 30 cm diameter collars were installed at the soil surface per 




horizons) was separated from the humus layer (Oa horizon) and both collected. Mineral soil was 
then sampled at 10 cm increments using a 5 cm diameter corer (0-10 cm, 10-20cm, and 20-30 cm 
depth). Samples were air-dried, homogenized and stored at 20 °C until analysis. Total N 
concentrations (%) were determined by combustion.  
 To quantify inorganic N availability, six subsamples of Oa and three subsamples of 
mineral soil were collected per plot between June – July 2008. Mineral soil was collected at 
several increments using a 5 cm diameter corer: 0-10, 10-20, 20-30, 45-55, and 70-80 cm. Due to 
inconsistent separation of the horizons in the field, the Oa and 0-10 cm horizons were combined 
for analysis. Samples were refrigerated until extraction in 2 mol/L KCl. All KCl slurries were 
filtered through 0.7-µm Whatman filter paper and frozen (-20 °C) until analysis. Extracts were 
analyzed for NH4+-N using the phenolate method and NO3– plus NO2–-N (hereafter referred to as 
NO3–) using a cadmium column reduction on a Lachat QuikChem 8500 (Hach Company, 
Loveland, CO, USA). Following correction for laboratory and field blanks, we determined the 
mass of N by multiplying extract concentration by the volume of KCl used for extraction.  
 
Climate-growth analysis 
Daily climate variables were obtained from the National Oceanic and Atmospheric 
Administration (NOAA): daily mean temperature, maximum temperature, minimum temperature 
and precipitation. Climate data cover the period 1948 – 2015 and were collected from the 
Wappapello (Butler County, Missouri) and Greenville (Wayne County, Missouri) stations 
located within 20 km of the study site. Additionally, we obtained daily wind speed and dewpoint 
data from Popular Bluff, Glennonville and Rolla, Missouri stations and global solar radiation 




The raw daily climate data were used to calculate the following monthly bioclimatic 
variables: potential evapotranspiration (PET) calculated using the Hargreaves equation (Beguería 
and Vicente-Serrano 2017); the Standardized Precipitation Evapotranspiration Index (SPEI, 
unitless) (Vicente-Serrano et al. 2010, Bottero et al. 2017), calculated using the ‘SPEI’ function 
in R (Beguería and Vicente-Serrano 2017); summer aridity index (SAI), defined as precipitation 
divided by PET (UNEP 1992); climate water deficit (CWD), defined as precipitation minus PET; 
and a water stress index (see Selection of dry and wet years). Each of these bioclimatic variables 
were averaged over 7-month and 19-month time periods for each year. The 7-month period 
comprised April – October of the year of ring formation whereas the 19-month period comprised 
April of the year prior to ring formation, up through October of the year of ring formation. The 
19-month period allows inclusion of the previous year’s growing season, intervening 
winter/spring and growing season during the year of ring formation. This is a standard approach 
in tree ring analysis, as it allows evaluation of effects of preconditioning by climate before the 
growing season (Cook and Kairiukstis 1990, Biondi and Waikul 2004). Furthermore, the growth 
of upland oak species is often highly correlated with the previous year’s climate (Stahle and 
Hehr 2010, White et al. 2011).  
Preliminary analysis using linear regression was conducted to identify the bioclimatic 
variable and time period (7-month or 19-month) with the strongest relationship to annual tree 
growth. We found PET (19-month) outperformed all other variables on a 7-month or 19-month 
basis (precipitation, stress index, SPEI, SAI, CWD) (Table C.1, Fig. 4.3). Therefore, PET (19-
month) was selected as the most appropriate variable to represent climate and was used for all 





Selection of dry and wet years 
To select growing seasons with limiting and non-limiting soil water availability during the 
study period, we estimated the daily relative extractable water in the soil (REW, unitless). REW 
is the ratio of available soil water to maximum extractable water (i.e. water holding capacity) and 
varies between 0.0 (permanent wilting point) and 1.0 (field capacity). An REW of > 0.4 indicates 
soil water conditions are non-limiting for transpiration for a large range of tree species, whereas 
an REW of < 0.4 indicates a severe enough soil water shortage as to induce reduced stomatal 
conductance and radial growth (Granier et al. 1999).  
We used the BILJOU model to calculate REW for the study site for the duration of the 
experiment (1951-2015) (Granier et al. 1999). BILJOU estimates temporal variation in soil water 
content during the growing season (April through October) and characterizes water stress 
conditions experienced by forests. The model requires daily meteorological data (daily mean 
temperature, precipitation, global radiation, vapor pressure and wind speed), site elevation, stand 
LAI as well as several general soil parameters (depth, bulk density, fine root fraction, extractable 
water). Soil parameters were sourced from the Natural Resources Conservation Service (NRCS) 
Web Soil Survey.  
For each year, we estimated the annual water stress according to an index (unitless) (Granier 
et al. 1999, Grossiord et al. 2014) that cumulates the difference between daily REW and 0.4 
when REW is < 0.4 (Equation 4.1):  
      (4.1) 
 
where j corresponds to the days when REW is < 0.4. One to two dry years per decade were 




with the exception of the generally wet decades of the 1970s and 1990s, where no dry years were 
selected (Table C.2, Fig. 4.3). The dry years of 1953 and 1954 were considered one multi-year 
drought event. Wet years were randomly selected among those with a stress index < 6.0 
(arbitrary threshold) (Grossiord et al. 2014) (Table C.2).  
 
Estimating population-level vulnerability to drought 
To quantify the population-level growth response to each target drought period, we 
estimated the drought resistance (Drs) and resilience (Drl) of trees within each plot using:   
 
Drs = BAID / BAIpre          (4.2) 
Drl = BAIpost / BAIpre          (4.3) 
 
where Drs values < 1 indicate lower (and > 1 indicate higher) population-level growth rates 
during drought years (BAID) relative to pre-drought years (BAIpre) (Equation 4.2). Similarly, Drl 
indicates whether population growth rates following drought events (BAIpost) were lower (< 1) or 
higher (> 1) relative to pre-drought periods (Equation 4.3). To avoid overlap between drought 
periods, we defined ‘pre-drought’ and ‘post-drought’ years as the two years immediately prior 
and after a drought event. We calculated Drs and Drl for total (early and latewood) BAI and 
latewood-only BAI.  
 
Data analysis 
Differences in total and inorganic soil N availability across treatments were analyzed 




assess the effect of fire on the performance of adult oaks to drought. First, we analyzed temporal 
trends (1948-2015) in total and latewood-only BAI for each individual i across fire treatments 
using mixed models with an autocorrelation structure (AR1, form=~ 1 | treeIDi) to account for 
non-independence of individuals. Ln(BAIi) was modeled as a function of DBHi*year*fire 
treatment, agei, species, block and PET*fire treatment. Year and treeIDi were included as random 
effects. All continuous predictors, including year, were mean-centered. We excluded highly 
correlated variables (rho ≥ 0.5) from the same model. Due to tree age and year being highly 
correlated, we chose to use only year in all further analyses based on year outperforming tree age 
in model comparisons. The most parsimonious model was chosen, i.e. the model yielding the 
lowest Akaike’s information criteria (AICc).  Mixed models were performed in R version 3.4.3 
(R Core Development Team 2016) using the package ‘nlme’ (Pinheiro et al. 2017).  
Second, to examine how fire may influence the resistance (Drs) and resilience (Drl) of tree 
growth to drought through reductions in density-dependent competition, we modeled plot-level 
total and latewood Drs and Drl as a function of total plot BA using separate linear regression 
models for each target drought period with corresponding census data (1953-1954, 1964, 2012).  
 
Results 
Long-term effects of fire on litter and soil N 
Annual and periodic fires reduced total litter N concentrations by 28-32% relative to 
controls (P < 0.05) (Fig. 4.1). Annual, but not periodic, fires significantly reduced mineral soil N 
concentrations from 0-20 cm depth (P < 0.05). Specifically, mineral soil (0-20cm) N was 20-
24% lower in annual than control plots. Total N concentrations did not differ by treatment for Oa 




Soil inorganic N availability also differed by fire treatment, but primarily for ammonium 
and not nitrate. Periodic but not annual plots had significantly lower shallow soil (Oa – 10cm 
depth) NH4+ concentrations at than control plots (P < 0.05) (Fig. 4.2a). Specifically, NH4+ 
concentrations in periodic plots were 16% and 26% lower than annual and control plots, 
respectively. Soil NO3- concentrations, in contrast, did not differ by treatment except for the 
deepest mineral soil increment (70-80 cm), where NO3- concentrations in periodic plots were 
significantly lower than controls (Fig. 4.2b).  
 
Climate-growth relationship across fire treatments 
Tree-level total BAI increased with tree diameter and declined with calendar year and 
PET over the study period (1950 – 2015) (P < 0.001) (Table 4.1a, Fig. 4.4a). After controlling 
for the main effects of climate and ontogeny, we found a significant interaction between periodic 
fire and PET on tree-level total BAI, such that periodic burns significantly reduced BAI but only 
during wet, favorable periods of low PET (periodic fire x PET: P = 0.003) (Table 4.1a, Fig. C.3). 
Specifically, after accounting for all other factors, periodic burning reduced annual growth by 
9.2% (± 8.9% CI) relative to controls under low PET while having more variable effects on 
growth under high PET (- 5.5% ± 14.2% CI).  There were no main or interactive effects of 
annual burning on growth (Table 4.1a, Fig. C.3). There were also no species-specific differences 
in growth rates.  
We found similar patterns for the most recent 30 years of growth (1985 – 2015), with 
tree-level total BAI a product of calendar year, tree diameter, PET and the interaction between 
PET and periodic fires (Table 4.1b, Fig. 4.4a). During this time period, however, periodic burns 




with the long-term trends, annual burns had no effect on growth (Table 4.1b, Fig. 4.4a) and no 
species-specific differences in BAI were found.  
Examining temporal trends in tree-level latewood BAI over the entire study period (1948 
– 2015) revealed that periodic, but not annual, fires significantly reduced latewood growth (P < 
0.05), especially during wet, favorable periods (periodic fire x PET: P < 0.01) (Table 4.2a, Fig. 
4.4b). Most recently (1985 – 2015), the negative main (P = 0.02) and interactive effects (periodic 
fire x PET: P < 0.01) of periodic burns remained, in addition to a marginal, negative effect of 
annual fires on latewood growth (P = 0.06) (Table 4.2b, Fig. 4.4b).   
   
Population-level resistance and resilience to drought across fire treatments 
We found the relationship between population-level Drs and Drl and plot BA differed 
between the drought indices and among the drought periods. There was no relationship between 
BA and the resistance of total growth to drought, regardless of drought period (Table 4.3, Fig. 
4.5a). Drought resilience, however, increased significantly with increasing BA during the 1953-
1954 drought (P = 0.04, R2 = 0.36) and later, showed a marginal decline with BA during the 
2012 drought (P = 0.08, R2 = 0.28) (Table 4.3, Fig. 4.5b).   
 Drought resistance and resilience of latewood growth showed similar, but slightly 
stronger patterns. We found no relationship between drought resistance and plot BA for all 
periods except 2012, where Drs declined significantly with BA (P = 0.01, R2 = 0.52) (Table 4.3, 
Fig. 4.6a). Similar to total growth, the resilience of latewood growth to drought was significantly 
positively related to BA for the 1953-1954 drought (P = 0.01, R2 = 0.51) and negatively related 
to BA for the 2012 drought (P = 0.03, R2 = 0.41) (Table 4.3, Fig. 4.6b). The relationship between 






We studied the interactive effects of climate and fire frequency on annual growth rates of 
Quercus spp. over a 65-year study period. We found periodic, but not annual, fires moderated the 
response of tree growth to variations in climate, leading to proportionally smaller drought-
induced declines in annual growth rates relative to unburned controls. Contrary to our 
predictions, however, this effect was not due to fire-driven improvements in drought resistance 
and resilience. Rather, the observed climate-fire interaction was driven by significantly slower 
growth of periodically burned trees during wet periods favorable for growth, an effect likely due 
to fire-driven reductions in N availability.  Our results suggest that fire can have considerable, 
negative impacts on long-term forest productivity, but that effects are contingent upon the fire 
regime.  
 
(H1) Fire-driven reductions in density-dependent competition will alleviate water stress and 
minimize declines in growth during drought 
We found minimal support for our hypothesis that long-term, fire-driven reductions in 
tree density would minimize drought stress in adult Quercus. Only for the most recent target 
drought year, 2012, did we find increased drought resistance and resilience with reductions in 
plot basal area (Figs. 3, 4). Furthermore, our analysis of temporal patterns in radial growth 
showed that during years of high evaporative demand, trees under increased fire frequency had 
similar or lower rates of growth than controls (Fig. C.3).  
 Results from this fire manipulation study contrast with recent studies of mechanical 




improve drought resistance and resilience (D'Amato et al. 2013, Sohn et al. 2016a, Bottero et al. 
2017). These different findings may be due to several factors. First, the alleviation of water stress 
is likely highly contingent upon the disturbance severity and recovery time, which can differ 
substantially between thinning and fire. Past studies found heavy (50-80%) reductions in basal 
area were necessary to improve forest drought resistance and resilience relative to controls 
(D'Amato et al. 2013, Bottero et al. 2017). Although the observed reductions in basal area after 
63 years of fire were modest (11-26%) relative to thinning, annual and periodic fires at the study 
site were shown to reduce mean LAI by 34% to 44%, respectively, relative to controls (Knapp et 
al. 2015). Given total leaf area is a major determinant of plant water demand (Jump et al. 2017), 
this suggests that the difference between our results and past studies may not be due to 
disturbance severity.  
Instead, time since initial intervention (i.e. recovery time) may be responsible for the 
observed differences, given that even for severe thinning treatments, the effects on drought 
vulnerability can be relatively short-lived. After ten or more years since the initial thinning, the 
positive relationship between thinning and drought resistance and resilience often reverses, likely 
due to trees attaining larger size in thinned stands and correspondingly, have greater water 
demand than smaller trees in part due to greater hydraulic constraints (D'Amato et al. 2013, Sohn 
et al. 2016a, 2016b). In our study, fire was applied continuously over a 63-year period, allowing 
ample time for compensatory gains in individual tree size due to minimal ingrowth and the loss 
of nearby competitors (Fig. C.2).  
Secondly, the lack of a fire-driven, density-dependent drought response in Quercus spp. 
may be due to their deep root systems, which may help minimize intra- and interspecific 




North America (Gale and Grigal 1987, Abrams 1990), and in studies conducted in semi-arid 
systems, have been observed shifting to deeper water sources during dry periods in order to 
avoid desiccation (Bleby et al. 2010, del Castillo et al. 2016). The ability of Quercus to access a 
deeper and more reliable water supply may minimize the influence of intra- and interspecific 
competition for soil water on drought vulnerability relative to other, less drought-tolerant species 
(e.g. Pinus) (Klos et al. 2009, Martín-Gómez et al. 2017), but see (Voelker et al. 2008). Instead, 
vapor pressure deficit (VPD) can be a better predictor of drought-induced stress and mortality in 
Quercus than soil water, especially during moderate drought events (Voelker et al. 2013, Gu et 
al. 2015).  
 
(H2) Fire-driven losses of N will decrease annual growth rates, especially during wet periods 
We found evidence in support of our hypothesis that fire-driven losses to soil N may have 
long-term, negative impacts on forest productivity.  Periodic fires reduced growth by 
approximately 10% per year on average under wet conditions, while having variable effects 
under dry conditions (Fig. 4.4). The magnitude of this effect is similar to that of climate, where 
radial growth increased approximately 10% from dry years with high PET to wet years with low 
PET.   
Although we cannot attribute the cause of these fire-driven reductions in annual growth 
rates to N limitation, past and present observed changes in soil N availability with fire at this 
study site suggest that increased N limitation is likely partially responsible. We observed that 
NH4+ (but not NO3-) availability was significantly reduced at shallow depths (0-10 cm) in 
periodically burned plots, similar to the findings of Vance and Henderson (1984), who found 




controls. Given NH4+ is often the preferred form of inorganic N for uptake in temperate tree 
species (Templer and Dawson 2004), fire-induced changes to NH4+ may be particularly 
important for productivity. Past work also suggests that increased fire frequency does not 
immediately affect total soil N and instead, effects may take decades to materialize. Specifically, 
after approximately 20 years of treatment, shallow soil (0-7 cm) total N concentrations were 
greater in annual and periodic plots than controls (Meier 1974). After 43 years of treatment, 
however, total soil N concentrations were significantly lower for both annual and periodic burn 
treatments (Eivazi and Bayan 1996). Our results, almost 60 years since the initiation of 
treatments, show that total soil N concentrations continue to be lower in annual, but not periodic, 
burned plots relative to controls.  
Our results strongly contrast with the expectation that trees growing in less dense stands 
usually have greater growth rates than those in more dense stands (Bottero et al. 2017). 
Furthermore, these findings suggest that regardless of the mechanism suppressing growth (e.g. N 
limitation), the observed reduction in annual growth rates offset any expected gains in growth 
due to reductions in density-dependent competition. To our knowledge, this is the first study to 
find that long-term, increased fire frequency significantly influences the response of tree growth 
to climate, and provides empirical support for a recent meta-analysis that projected that fire-
driven N losses may suppress the productivity of temperate broadleaf forests (Pellegrini et al. 
2017). 
 
(H3) The frequency of fires will mediate drought-fire impacts on tree growth 
Our results support the hypothesis that fire return interval length mediates the effect of 




interacted with climate to affect growth (Fig. C.3), resulting in proportionally smaller drought-
induced declines in growth rates relative to controls due to slower rates of growth between 
drought events (Fig. 4.4). These results mirror the effect fire return interval was also found to 
have on stand structure, with periodic fires producing larger overall reductions in BA, stem 
density, and LAI than annual fires (Fig. C.1) (Knapp et al. 2015). It is well established that fire 
frequency influences fire behavior, with longer return intervals predicted to promote greater fuel 
accumulation and greater fire intensity than frequent fires (Peterson and Reich 2001, Hutchinson 
et al. 2005). At the site of the present study, periodic fires maintain higher litter accumulation 
(Stephan, K. unpublished) and biomass of understory vegetation than annual fires (Knapp et al. 
2015), therefore in this region, periodic burns are likely higher intensity than annual fires 
(Graham and McCarthy 2006).  
Of the few other studies to examine the long-term effects of fire on N cycling and forest 
productivity, Reich et al. (2001) found greater declines in N availability and net primary 
productivity of oak savannas with increasing fire frequency. In contrast with these findings, we 
found the most frequent fire treatment (i.e. annual) had weaker effects on stand structure and 
annual growth rates of adult trees than the less frequent, periodic treatment.  This inconsistency 
is likely due to fundamental differences in stand characteristics and fuel conditions between the 
two sites. Specifically, the Missouri site is characterized as a closed canopy forest or woodland 
rather than a savanna. Consequently, ground layer fuels are comprised primarily of hardwood 
litter that accumulates slowly relative to the fast-accumulation of grass biomass in savanna 
ecosystems (Stambaugh et al. 2006). Without the accumulation of highly flammable grass litter, 
fires must become either less frequent or less severe.  Although we are not aware of any direct 




intensity fires have minimal lasting effects on N availability (Certini 2005, Boerner et al. 2009). 
These findings underscore the importance of considering fire frequency and severity when 
managing forests to be resilient to a range of climatic conditions.  
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Tables and Figures 
Table 4.1. Parameters of mixed models predicting tree-level total BAI of adult trees (≥ 10 cm 
DBH) across unburned controls, annual and periodic burned (every four years) treatments during 
(a) the entire experiment period (1948 – 2015) and (b) the most recent 30 years (1985 – 2015).   
 
(a) Total BAI (1948 – 2015) 
Variable Coefficient SE P-value 
Intercept 2.13 0.10 < 0.001 
PET -0.001 0.0001 < 0.001 
Year -0.01 0.001 < 0.001 
DBH 0.06 0.004 < 0.001 
Block 0.11 0.10 0.26 
Periodic fire -0.17 0.12 0.14 
Annual fire -0.10 0.12 0.38 
Periodic fire x PET 0.0003 0.0001 0.003 
Annual fire x PET - 0.00003 0.00008 0.69 
 
(b) Total BAI (1985 – 2015) 
Variable Coefficient SE P-value 
Intercept 2.22 0.08 < 0.001 
PET -0.001 0.0001 < 0.001 
Year -0.003 0.001 0.039 
DBH 0.04 0.01 < 0.001 
Block 0.14 0.08 0.066 
Periodic fire -0.19 0.09 0.045 
Annual fire -0.14 0.09 0.13 
Periodic fire x PET 0.0002 0.0001 0.024 










Table 4.2. Parameters of mixed models predicting tree-level latewood BAI of adult trees (≥ 10 
cm DBH) across unburned controls, annual and periodic burned (every four years) treatments 
during (a) the entire experiment period (1948 – 2015) and (b) the most recent 30 years (1985 – 
2015).   
 
(a) Latewood BAI (1948 – 2015) 
Variable Coefficient SE P-value 
Intercept 1.65 0.09 < 0.001 
PET -0.002 0.0001 < 0.001 
Year -0.016 0.001 < 0.001 
DBH 0.035 0.004 < 0.001 
Block 0.16 0.08 0.056 
Periodic fire -0.22 0.10 0.038 
Annual fire -0.13 0.10 0.193 
Periodic fire x PET 0.0005 0.0002 0.018 
Annual fire x PET 0.0002 0.0002 0.408 
 
(b) Latewood BAI (1985 – 2015) 
Variable Coefficient SE P-value 
Intercept 1.51 0.11 < 0.001 
PET -0.003 0.0002 < 0.001 
Year -0.01 0.002 < 0.001 
DBH 0.03 0.005 < 0.001 
Block 0.29 0.10 0.005 
Periodic fire -0.28 0.12 0.021 
Annual fire -0.23 0.12 0.064 
Periodic fire x PET 0.001 0.0003 0.009 











Table 4.3. Parameters of linear regression models predicting plot-level resistance (Drs) and 
resilience (Drl) for four target drought periods (1953-1954, 1964, 2007, 2012) as a function of 




 SE d.f. P R
2 




Drstotal = 0.57 + 0.01BA 0.02 9 0.642 0.02 
Drltotal= -0.42 + 0.10BA* 0.04 9 0.047 0.36* 
Drslatewood = 0.53 + 0.01BA 0.05 9 0.815 0.01 
Drllatewood = -1.39 + 0.17BA* 0.05 9 0.012 0.51* 
1964 drought     
Drstotal = 0.99 – 0.002BA 0.01 9 0.822 0.01 
Drltotal= 1.53 – 0.02BA 0.02 9 0.186 0.18 
Drslatewood = 1.23 – 0.01BA 0.02 9 0.434 0.07 
Drllatewood = 1.64 – 0.03BA 0.02 9 0.111 0.25 
2007 drought     
Drstotal = 0.74 + 0.001BA 0.007 9 0.814 0.01 
Drltotal= 0.99 + 0.002BA 0.01 9 0.839 0.01 
Drslatewood = 0.46 + 0.006BA 0.01 9 0.588 0.03 
Drllatewood = 1.21 – 0.005BA 0.01 9 0.764 0.01 
2012 drought     
Drstotal = 0.96 – 0.005BA 0.003 9 0.171 0.19 
Drltotal= 1.40 – 0.01BA 0.006 9 0.087 0.28 
Drslatewood = 1.01 – 0.01BA* 0.004 9 0.011 0.52* 
Drllatewood = 1.78 – 0.02BA* 0.011 9 0.032 0.41* 
†
Resistance (Drs) and resilience (Drl) to drought as a function of plot-level tree basal area (BA). 
Subscripts ‘total’ and ‘latewood’ denote the component of growth used to calculate BAI and Drs 













Figure 4.1. Mean (± SE) total nitrogen concentration (%) in litter (Oi + Oe horizons), humus (Oa 
horizon) and mineral soil by depth (0-30 cm). Samples were collected June – July in 2008 and 





















Figure 4.2. Mean (± SE) (a) ammonium (NH4+) and (b) nitrate (NO3-) content (mg N kg-1) in 
humus (Oa horizon) and mineral soil by depth (0-80 cm). Samples were collected June – July 














Figure 4.3. (a) Mean ring-width index for each treatment during the duration of experiment. 
Gray lines represent the range values from all individuals. (b) Potential evapotranspiration (PET) 
for the study site during the period 1948 – 2015. Targeted dry and wet years are indicated as 
yellow and blue bars, respectively. Five dry years were randomly selected among the ten years 
with the greatest water stress index. Wet years were randomly selected among those with a stress 
index < 6.0 (arbitrary threshold). The index was calculated using daily relative extractable water 















Figure 4.4. Mean (± SE) (a) total and (b) latewood tree-level basal area increment (BAI) for 
unburned, control and annual and periodic burned plots during the duration of the experiment 
(1950-2015). Means are calculated from all measured individuals of all species within a plot. 
Note that BAI observations are based only on those individuals that survived until sampling in 











Figure 4.5. Mean (± SE) plot-level drought (a) resistance (Drs) and (b) resilience (Drl) of total 
BAI in relation to plot basal area (m2 ha-1) during each target drought event. Solid lines show 










Figure 4.6. Mean (± SE) plot-level drought (a) resistance (Drs) and (b) resilience (Drl) of 
latewood BAI as a function of plot basal area (m2 ha-1) during each targeted drought event. Solid 
lines show statistically significant or marginally significant (P < 0.10) regressions with 95% CI 
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In this research, I have explored the abiotic and biotic mechanisms by which surface fires 
affect soil carbon storage and the drought susceptibility of juvenile and adult oak (Quercus spp.) 
trees in temperate deciduous forests of central US. In each chapter, I focused on a different 
aspect of fire disturbance effects on forest ecosystem functioning and used observational, 
experimental and dendroecological approaches to examine the complex dynamics of fire-climate 
interactions.  Together, this work demonstrates that fire has manifold biotic and abiotic impacts 
on forest regeneration and productivity that may become increasingly important with climate 
change. 
In the trait-based observational study, I found evidence that the reintroduction of surface 
fires can have direct, combustive effects as well as indirect, plant community-mediated effects 
on soil carbon cycling in forests. The results suggest that fire disturbance may increase total 
mineral SOC stocks by promoting an ‘extra layer’ of vegetation in the understory, notably 
shallow-rooted perennial grass and forb species with high belowground C inputs. The study 
provides empirical support for incorporating trait-based vegetation characteristics into ecosystem 
models to help improve estimates of SOC storage across disturbance-resource gradients and aid 
in our ability to manage forests for ecosystem services. 
Results from the seedling drought experiment show that post-fire resprouting may only 
temporarily affect water relations of seedlings and that the warmer, drier conditions and reduced 
nitrogen availability observed in burned stands instead exacerbated drought-induced declines in 
assimilation and growth for small seedlings. Furthermore, the dendroecology study provided 




only the growth of juvenile trees, but also adult oak trees and therefore, may have long-term, 
negative consequences for forest productivity. Specifically, I found the negative effects of fire on 
annual growth rates of adults were greatest under wet, favorable conditions, highlighting the 
importance of empirical studies to better understand and predict the impacts of fire-climate 
interactions on future forest productivity.  
Although these findings are informative, several key uncertainties remain. These field 
studies provided new insight into the response of Quercus spp. to changing fire and climate 
regimes, but the future trajectory of the forest community as a whole remains difficult to predict. 
In particular, it is unclear whether the documented response of Quercus spp. is comparable with 
that of other, less fire- or drought-tolerant species (e.g. Acer spp.).  It is likely that less drought-
tolerant species may experience even greater, negative impacts from fire-drought interactions 
which in turn, through reductions in interspecific competition, benefit the fitness of those species 
best able to persist, such as Quercus and other drought tolerant species. Investigating the 
complex feedbacks involved in the community-scale response to fire-drought interactions will be 
a difficult, but important next step to improve estimates of climate change impacts on forest 
function. In addition, it will be valuable to compare the observed declines in tree growth 
presumably due to fire-driven reductions in nitrogen availability with those projected by dynamic 
global vegetation models.    
This dissertation affirms that increased fire frequency has significant, but distinct effects 
on the drought sensitivity of juvenile versus adult Quercus spp. Long-term carbon storage in fire-
managed forests will require that land owners and managers are aware of the potential negative 




change. Experimental evidence will be critical to improve our understanding of fire-climate 


























Supplemental methods, tables and figures for Chapter 2 
 
Soil parameters and laboratory analyses 
We oven dried (105°C) subsamples of each composited sample to determine gravimetric 
soil moisture (g H20 g soil-1) and bulk density (g soil cm-3) of both the coarse fragment and <2 
mm fraction. Bulk density did not vary with fire presence (t-test, P = 0.59).  
We quantified inorganic N availability in each plot using ion-exchange resin membranes. 
A pair of activated anion and cation membranes (6.0 x 2.5 cm) were installed at 0-6-cm depth in 
each subplot and left in situ for 30 days (July – August). After removal, membranes were cleaned 
with DDI water and refrigerated until extraction in 2 mol/L KCl. Extracts of ion-exchange 
membranes were filtered through 0.7-µm Whatman filter paper and frozen (-20°C) until analysis. 
Extracts were analyzed for NH4+-N using the phenolate method and NO3- plus NO2- -N using a 
cadmium column reduction, all on a Lachat QuickChem 8500 (Hach Company, Loveland, CO, 
USA). Following correction for laboratory and field blanks, we determined NH4-N and NO3-N, 
adjusted for the volume of KCl used for extraction. Availability of NH4+-N and NO3- - N were 




To determine the effects of fire and plant FD on SOC pools with different turnover times, 
we physically fractionated mineral soil C using a modified wet-sieving method (Marriott and 




active C fraction and a slow-cycling, microbe-derived mineral-associated matter stable C 
fraction. A 30-g air-dried subsample from each composite was added to a 30-mL Nalgene plastic 
bottle containing 5% (mass / volume) sodium hexametaphosphate as a dispersant. The bottle was 
covered with a 53-µm mesh fabric, and the slurry was left undisturbed for 12 hours to facilitate 
dispersion. The 30-mL bottle was then placed in a 250-mL centrifuge bottle that contained an 
additional 120-mL dispersant. The bottles were placed on a reciprocal shaker at 180 rpm for one 
hour to facilitate the separation of active (operationally defined as organic particles having 
diameters >53 µm) from the stable fraction. After the initial rinse, the fine particles and 
dispersant that collected in the larger bottle were discarded and replaced with 150-mL of distilled 
water. Samples were shaken for 15 minutes to rinse the fine particles and dispersant into the 
larger bottle. This rinsing was repeated seven times to ensure isolation of the active fraction. The 
material remaining in the 30-mL bottle was dried at 55°C and ground with a mortar and pestle 
for analysis of C by combustion (Costech ECS 4010, Valencia, CA, USA). We determined the C 
concentrations of the total mineral soil sample and active fraction (Mg C ha-1). C concentrations 
in the stable fraction were determined by mass balance as the difference between total and active 
fraction concentrations (Salvo et al. 2010; Leifeld et al. 2011; Craig et al. 2015).  
 
Vegetation surveys 
We quantified the basal area of canopy tree species and abundance of understory vascular 
plant species < 1.4 m tall in each plot at the peak of the growing season in July 2013. We used the 
point-intercept method to record the identity and frequency of understory plants every 0.5-m along 
three parallel 50-m transects per plot, spaced 6.67 m apart and situated parallel to the slope. Plants 




spp.). A total of 75 vascular plant species were found across plots. For the canopy tree community, 
we measured the diameter at breast height (DBH) and identified to species every tree ≥ 10 cm 
DBH within each 0.1 ha plot. The turnover of species (i.e. dissimilarity in species composition) 
between communities along the soil resource gradient (PC1) was calculated using the Bray-Curtis 
dissimilarity index (Bray and Curtis 1957; Legendre and Legendre 1998). 
 
Community trait components 
To assess the response of functional traits to fire and the soil gradient as well as their 
effect on mineral soil C stocks, we used both the mean and variance of trait values, weighed by 
species abundances. The community-weighted mean (CWM) for each trait t was calculated as 
the mean of species trait values, ti, of the n species in each plot, with each species i in the 
community weighted by its relative abundance, pi (Garnier et al. 2004): 
        
 Community-weighted variances (CWV) were calculated for each trait in each plot 
(Sonnier et al. 2010; Bernard-Verdier et al. 2012): 
 
CWV is similar to Mason et al.’s (2003) FDvar but without the logarithmic transformation and 







Null model testing 
 In order to estimate the extent to which community trait values were different from 
expected under a null hypothesis (i.e. an ‘effect size’), we compared observed values of CWV 
for each trait and community with a distribution generated by 9999 runs of the null model. An 
effect size (ES) was calculated based on the probability of the observed value to be lower than 
expected by chance (i.e. the quantile of the null distribution in which the observed value is 
found; (Bernard-Verdier et al. 2012). ES values were scaled from -1 to 1, with negative values 
representing an observed value that is lower than expected, and vice versa. Values close to zero 
indicate the observed value is close to the median of the null distribution. Trait components were 
calculated and null models generated using R version 3.3.1 (R Core Development Team 2016) 
and code sourced from Bernard-Verdier et al. (2012). 
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Tables and Figures 
Table A.1. Fire history and environmental parameters for each plot. Soil pH, ion-exchange membrane N availability and soil organic 




Table A.2. Ouput from models included in the 95% confidence set of factors correlated with SOC stocks and observed correlations 
between SOC stocks and a subset of the factors included in the confidence set.  
Variable
Param. 






















Intercept 22.5 0.00 – 8.70 -0.91 – –
3.74
Fire 3.18 1.82 < 0.001
Canopy CWM LA -0.01 -0.60 < 0.01 -0.15 -0.07 < 0.001
Canopy CWM LDMC 0.25 0.57 0.0100
Canopy CWM LNC 1.31 0.50 <0.01
Canopy CWV Hmax -0.11 -1.02 < 0.001
Canopy CWV SLA 0.16 0.77 < 0.01
Understory CWM LNC -0.37 -0.32 0.02
Understory CWV Hmax 0.06 0.94 <0.001
R
2
0.66 – – 0.92 – – 0.86 – –
CWM, community weighted mean; LA, leaf area; SLA, specific leaf area; LDMC, leaf dry matter content; LNC, leaf nitrogen content; Hmax, maximum attainable 
height                                                                                                                                                                                                                                   
† Standardized coefficients were determined after scaling all variables to mean of zero and standard deviation of one.                                                                                                                                           
*Assessed with a likelihood ratio deletion test. This was a single d.f. test for all terms. 
Table S1. Best performing models for total and size-fractionated soil carbon to 10-cm depth (Mg C ha
-1
)
Total soil organic carbon Active fraction     (> 53 µm) Stable fraction          (≤ 53 µm)
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Table A.3. Models included in the 95% confidence sets for analyses of factors correlated with 
SOC stocks. Results are shown for (a) mineral SOC, (b) active and (c) stable soil C fractions.  
Models are ranked by Akaike Information Criterion, adjusted for small sample size (AICc). Δi is 
the AICc difference between the AICc of the best model and that of the model i and ωi is the 
Akaike weight. (Null) refers to the intercept-only model 
(a) Mineral SOC     
Model Log Likelihood AICc Δi ωi 
Canopy CWM LA + Canopy CWM LDMC 
-20.85 55.42 0.00 0.23 
Canopy CWM LA + Canopy CWV Hmax + 
Understory CWV LNC -18.84 57.68 2.27 0.07 
Canopy CWM LA + Canopy CWM LDMC + 
Canopy CWM LNC -18.87 57.73 2.32 0.07 
Canopy CWV Hmax + Understory CWV LNC 
-22.10 57.91 2.49 0.07 
Canopy CWM LA + Canopy CWM LDMC + 
Canopy CWV Hmax -19.59 59.18 3.77 0.04 
Canopy CWM Hmax + Canopy CWV Hmax + 
Understory CWV LNC -19.59 59.18 3.77 0.04 
Canopy CWM LA 
-25.50 60.00 4.58 0.02 
Canopy CWM LA + Canopy CWM LDMC + 
Understory CWM LNC -20.17 60.34 4.92 0.02 
Canopy CWM LA + Canopy CWM LDMC + 
Understory CWM Hmax -20.35 60.71 5.29 0.02 
Canopy CWM LA + Canopy CWM LDMC + 
Understory CWM SLA -20.40 60.81 5.39 0.02 
Canopy CWM LDMC 
-25.94 60.87 5.46 0.02 
Canopy CWM LA + Canopy CWV Hmax 
-23.73 61.17 5.76 0.01 
Canopy CWM LA + Canopy CWM LDMC + 
Understory CWV LNC -20.77 61.54 6.12 0.01 
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Table A.3 (continued) 
    
Model Log Likelihood AICc Δi ωi 
Canopy CWM LA + Canopy CWM LDMC + PC1 
-20.80 61.60 6.19 0.01 
Canopy CWM LA + Canopy CWM LDMC + Fire 
-20.82 61.63 6.22 0.01 
Canopy CWM LA + Understory CWM LDMC 
-23.96 61.64 6.22 0.01 
Canopy CWM LA + Canopy CWM LDMC + 
Graminoid cover -20.83 61.66 6.24 0.01 
Canopy CWM LA + Canopy CWM LDMC + 
Understory CWV Hmax -20.84 61.68 6.26 0.01 
Canopy CWM LA + Canopy CWM LDMC + 
Understory CWM LA -20.84 61.69 6.27 0.01 
BA + Canopy CWM LA + Canopy CWM LDMC 
-20.85 61.70 6.28 0.01 
Canopy CWM LA + Canopy CWM LDMC + 
Canopy CWM LNC + Understory CWM Hmax -16.48 61.77 6.35 0.01 
BA + Canopy CWV Hmax + Understory CWV 
LNC -21.13 62.27 6.85 0.01 
Canopy CWM LA + Canopy CWV Hmax + 
Understory CWV LNC + Fire -16.77 62.34 6.92 0.01 
Null 
-28.64 62.62 7.20 0.01 
Canopy CWV Hmax 
-26.85 62.70 7.28 0.01 
BA + Canopy CWM LA + Canopy CWV Hmax + 
Understory CWV LNC -16.98 62.76 7.35 0.01 
Canopy CWM LA + PC1 + PC1 
-24.58 62.87 7.45 0.01 
Canopy CWM LA + Canopy CWM LNC 
-24.66 63.04 7.62 0.01 
BA + Canopy CWM LA + Canopy CWV Hmax 
-21.53 63.06 7.65 0.01 
Canopy CWM Hmax + Canopy CWV Hmax + 
PC1 -21.55 63.09 7.68 0.00 
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Table A.3 (continued) 
    
Model Log Likelihood AICc Δi ωi 
Canopy CWM LA + Understory CWV LNC 
-24.70 63.12 7.70 0.00 
Canopy CWM LDMC + Understory CWM SLA 
-24.73 63.17 7.76 0.00 
Canopy CWM LDMC + Canopy CWV Hmax 
-24.75 63.22 7.80 0.00 
 
(b) Active SOC fraction     
Model Log Likelihood AICc Δi ωi 
Canopy CWV Hmax + Canopy CWV SLA + 
Understory CWV Hmax + Fire -5.26 39.32 0.00 0.27 
Canopy CWM LDMC + Fire 
-13.48 40.67 1.35 0.14 
Canopy CWM LA + Canopy CWV Hmax + 
Understory CWM LDMC + Fire -6.38 41.55 2.24 0.09 
Canopy CWM LDMC + Canopy CWV Hmax + 
Fire -11.19 42.37 3.06 0.06 
Canopy CWV Hmax + Graminoid cover 
-14.40 42.51 3.20 0.05 
Canopy CWV Hmax + Graminoid cover + Fire 
-11.51 43.02 3.70 0.04 
Canopy CWM LA + Understory CWM LDMC + 
Fire -11.57 43.14 3.82 0.04 
Canopy CWM LA + Canopy CWM LDMC + Fire 
-12.04 44.08 4.76 0.02 
BA + Canopy CWM LDMC + Fire + Fire x BA 
-7.75 44.29 4.98 0.02 
Canopy CWV Hmax + Understory CWM LDMC 
+ Fire -12.18 44.36 5.05 0.02 
Canopy CWM LDMC + Canopy CWV Hmax + 
Graminoid cover + Fire -7.97 44.73 5.42 0.02 
Canopy CWM LDMC + Canopy CWV SLA + 
Fire -12.45 44.89 5.58 0.02 
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Model Log Likelihood AICc Δi ωi 
Canopy CWM LA + Understory CWM LDMC + 
Understory CWM LNC + Fire -8.26 45.33 6.01 0.01 
Canopy CWV Hmax + Understory CWV Hmax 
+ Fire -12.96 45.92 6.60 0.01 
Understory CWM LDMC + Fire 
-16.21 46.14 6.82 0.01 
Canopy CWM LDMC + Understory CWV Hmax 
+ Fire -13.21 46.41 7.10 0.01 
Canopy CWM LDMC + Fire + PC1 
-13.29 46.57 7.26 0.01 
BA + Canopy CWM LDMC + Fire 
-13.41 46.83 7.51 0.01 
Canopy CWM LDMC + Understory CWM LNC 
+ Fire -13.41 46.83 7.51 0.01 
Canopy CWM LDMC + Graminoid cover + Fire 
-13.41 46.83 7.51 0.01 
Canopy CWM LDMC + Understory CWM Hmax 
+ Fire -13.43 46.87 7.55 0.01 
Canopy CWM LDMC + Understory CWM LA + 
Fire -13.47 46.94 7.63 0.01 
Canopy CWM LDMC + Understory CWM SLA 
+ Fire -13.47 46.95 7.63 0.01 
Canopy CWM LDMC + Canopy CWV Hmax + 
Graminoid cover -13.48 46.96 7.64 0.01 
Canopy CWV Hmax + Understory CWM SLA + 
Fire -13.53 47.05 7.74 0.01 
BA + Canopy CWM LDMC + Canopy CWV 
Hmax + Fire -9.34 47.48 8.16 0.00 
BA + Canopy CWM LA + Understory CWM 
LDMC + Fire -9.37 47.54 8.22 0.00 
Canopy CWM LDMC + Canopy CWV Hmax + 
Understory CWV Hmax + Fire -9.40 47.60 8.29 0.00 
Canopy CWM LA + Canopy CWM LDMC + 
Canopy CWV SLA + Fire -9.47 47.74 8.43 0.00 
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Model Log Likelihood AICc Δi ωi 
Fire 
-19.39 47.78 8.46 0.00 
Canopy CWV Hmax + Canopy CWV SLA + 
Understory CWM Hmax + Fire -9.52 47.84 8.53 0.00 
Canopy CWV Hmax + Fire 
-17.07 47.86 8.54 0.00 
Canopy CWM LDMC 
-19.43 47.86 8.55 0.00 
Canopy CWV Hmax + Understory CWM LA + 
Graminoid cover -14.00 47.99 8.67 0.00 
BA + Fire + Fire x BA 
-14.03 48.05 8.74 0.00 
Canopy CWV Hmax + Understory CWM Hmax 
+ Graminoid cover -14.03 48.06 8.75 0.00 
BA + Canopy CWV Hmax + Fire 
-14.05 48.11 8.79 0.00 
Canopy CWV Hmax + Understory CWM LDMC 
+ Graminoid cover -14.06 48.12 8.81 0.00 
Canopy CWV Hmax + Canopy CWV SLA + 
Graminoid cover -14.13 48.27 8.95 0.00 
Canopy CWM LDMC + Graminoid cover + Fire 
+ Fire x Graminoid cover -9.76 48.31 9.00 0.00 
Canopy CWV Hmax + Understory CWV Hmax 
+ Graminoid cover -14.20 48.40 9.08 0.00 
Canopy CWV Hmax + Understory CWM Hmax 
+ Fire -14.21 48.42 9.11 0.00 
Canopy CWM SLA + Canopy CWV Hmax + 
Graminoid cover -14.24 48.49 9.17 0.00 
Canopy CWV Hmax + Canopy CWV SLA + 
Understory CWM LDMC + Fire -9.88 48.55 9.24 0.00 
Canopy CWV Hmax + Understory CWM LNC + 
Graminoid cover -14.34 48.67 9.36 0.00 
Canopy CWM LA + Canopy CWV Hmax + 
Graminoid cover -14.34 48.68 9.36 0.00 
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Model Log Likelihood AICc Δi ωi 
Canopy CWV Hmax + Graminoid cover + PC1 
-14.35 48.71 9.39 0.00 
BA + Canopy CWV Hmax + Graminoid cover 
-14.38 48.76 9.44 0.00 
Canopy CWM LA + Canopy CWM LDMC + 
Canopy CWV Hmax + Fire -10.05 48.91 9.59 0.00 
Understory CWV Hmax + Fire 
-17.61 48.93 9.61 0.00 
Canopy CWM SLA + Fire 
-17.63 48.98 9.66 0.00 
Canopy CWM LA + Canopy CWV Hmax + 
Graminoid cover + Fire -10.14 49.09 9.77 0.00 
Canopy CWM LDMC + Canopy CWV Hmax + 
Understory CWM SLA + Fire -10.23 49.25 9.94 0.00 
Canopy CWV SLA + Fire 
-17.83 49.37 10.05 0.00 
BA + Canopy CWV Hmax + Graminoid cover + 
Fire -10.37 49.53 10.22 0.00 
Canopy CWM SLA + Canopy CWV Hmax + 
Fire -14.83 49.65 10.34 0.00 
Canopy CWM LA + Canopy CWV Hmax + 
Understory CWM SLA + Fire -10.46 49.72 10.41 0.00 
Canopy CWM LA + Understory CWM LDMC + 
Graminoid cover + Fire -10.46 49.73 10.41 0.00 
Canopy CWV Hmax + Canopy CWV SLA + 
Understory CWM SLA + Fire -10.47 49.73 10.42 0.00 
Canopy CWM LDMC + Canopy CWV Hmax + 
Understory CWM Hmax + Fire -10.48 49.75 10.43 0.00 
Canopy CWM LA + Canopy CWV SLA + 
Understory CWM LDMC + Fire -10.48 49.76 10.45 0.00 
Canopy CWM LDMC + Understory CWM Hmax 
-18.08 49.86 10.55 0.00 
BA + Understory CWM LDMC + Fire 
-14.93 49.87 10.55 0.00 
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Model Log Likelihood AICc Δi ωi 
Understory CWM Hmax + Fire 
-18.09 49.90 10.58 0.00 
BA + Canopy CWM SLA + Canopy CWV Hmax 
+ Fire -10.55 49.91 10.59 0.00 
Canopy CWV Hmax + Fire + PC1 
-14.98 49.96 10.65 0.00 
Canopy CWV Hmax + Understory CWV Hmax 
+ Graminoid cover + Fire -10.60 50.01 10.69 0.00 
Canopy CWM LA + Canopy CWV Hmax + 
Understory CWV Hmax + Fire -10.64 50.09 10.77 0.00 
BA + Canopy CWM SLA + Fire + Fire x BA 
-10.65 50.10 10.78 0.00 
Canopy CWM LDMC + Graminoid cover 
-18.31 50.33 11.02 0.00 
Canopy CWV Hmax + Understory CWM LDMC 
+ Graminoid cover + Fire -10.77 50.35 11.03 0.00 
Canopy CWV Hmax + Understory CWM Hmax 
+ Graminoid cover + Fire -10.79 50.38 11.06 0.00 
Understory CWM SLA + Fire 
-18.38 50.47 11.15 0.00 
 
(c) Stable SOC fraction     
Model Log Likelihood AICc Δi ωi 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWM LNC 
-12.76 45.52 0.00 0.29 
Canopy CWM LA + Canopy CWM LNC 
-17.00 47.71 2.19 0.10 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWM LDMC + Understory CWM 
LNC 
-9.54 47.89 2.37 0.09 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWV LNC 
-14.10 48.19 2.67 0.08 
Canopy CWM LA + Canopy CWM LNC + 
Canopy CWM SLA + Understory CWM LNC 
-9.75 48.30 2.78 0.07 
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Model Log Likelihood AICc Δi ωi 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWM LNC + Understory CWV LNC 
-10.51 49.81 4.29 0.03 
Canopy CWM LA + Fire 
-18.58 50.87 5.35 0.02 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWV LNC + PC1 
-11.14 51.09 5.57 0.02 
Canopy CWM LA 
-21.15 51.30 5.78 0.02 
Canopy CWM LA + Canopy CWM LNC + Fire 
-15.80 51.60 6.08 0.01 
Canopy CWM LA + Understory CWM LNC 
-19.09 51.90 6.38 0.01 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWM LNC + Fire 
-11.57 51.95 6.43 0.01 
Canopy CWM LA + Canopy CWM LDMC + 
Canopy CWM LNC + Understory CWM LNC 
-11.63 52.07 6.55 0.01 
Canopy CWM LA + Understory CWV LNC + 
Graminoid cover 
-16.04 52.07 6.55 0.01 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWM LNC + Understory CWM SLA 
-11.68 52.17 6.65 0.01 
Canopy CWM LA + Understory CWV LNC 
-19.23 52.18 6.66 0.01 
BA + Canopy CWM LA + Canopy CWM LNC + 
Understory CWM LNC 
-11.71 52.22 6.70 0.01 
Canopy CWM LA + Canopy CWM LDMC + 
Canopy CWM LNC 
-16.24 52.47 6.95 0.01 
Canopy CWM LA + Canopy CWM LNC + 
Canopy CWM SLA 
-16.47 52.94 7.42 0.01 
Canopy CWM LA + Understory CWM LNC + 
Fire 
-16.52 53.04 7.52 0.01 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWM LNC + Understory CWV Hmax 
-12.24 53.29 7.77 0.01 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWM Hmax + Understory CWM LNC 
-12.33 53.46 7.94 0.01 
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Model Log Likelihood AICc Δi ωi 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWV Hmax + Understory CWV LNC 
-12.33 53.47 7.95 0.01 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWM LDMC 
-16.75 53.49 7.97 0.01 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWM SLA + Understory CWV LNC 
-12.43 53.65 8.13 0.01 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWV LNC + Graminoid cover 
-12.43 53.66 8.14 0.01 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWM LNC + Graminoid cover 
-12.50 53.79 8.27 0.00 
Canopy CWM LA + Understory CWM LDMC + 
Understory CWM LNC 
-16.91 53.81 8.30 0.00 
Canopy CWM LA + Canopy CWM LNC + 
Canopy CWV Hmax + Understory CWV LNC 
-12.53 53.85 8.33 0.00 
Canopy CWM LA + Understory CWM LA + 
Understory CWM LNC 
-16.94 53.88 8.36 0.00 
BA + Canopy CWM LA + Understory CWM LNC 
-16.95 53.90 8.38 0.00 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWM SLA 
-16.97 53.94 8.42 0.00 
Canopy CWM LA + Canopy CWM LNC + PC1 
-16.97 53.94 8.43 0.00 
Canopy CWM LA + Canopy CWM LNC + 
Understory CWM Hmax 




Figure A.1. Principle components analysis on soil variables from the 12 unburned (white) and 
burned plots (black). Seven variables were used: clay, silt and sand content (%), gravimetric soil 
water content (SWC: %), soil pH, inorganic N availabilty (µg N cm-2 month-1) and soil C/N ratio. 
Principle components 1 (PC1) explained 43% of the variation and is referred to as the “resource 











Figure A.2. (A) Total understory plant species cover, (B) tree, (C) shrub and (D) herbaceous 
species relative abundance (RA) in burned and unburned stands across the soil gradient (PC1). 
Black lines represent significant regressions and statistics are indicated above panels (n.s.: P > 





Figure A.3. Canopy community-weighted trait variance (CWV) in burned and unburned stands 
along soil gradient (PC1). Effect sizes (ES) of CWV were calculated by comparing observed 
CWV to a null distribution obtained by randomly shuffling abundances among species in each 
community (see Methods). Negative ES represent a lower CWV than expected, suggesting trait 
convergence, whereas positive ES values suggest trait divergence. One-sided Wilcoxon (W) tests 
were used to compare observed values to the null expectation (ES = 0), represented by the solid 
horizontal line. Spearman’s rank correlations (ρ) were used to assess patterns of divergence 
along the resource gradient. The solid horizontal line corresponds to the null expectation (ES = 






Figure A.4. Turnover of (a) understory and (b) canopy species along the soil gradient.  
Bray-Curtis Index approximates the pair-wise dissimilarity in species composition between plots. 









Figure A.5. Observed relationships between mean (± SE) SOC stocks and a subset of the fixed 
effects included in the confidence set of simple linear regression models. Active fraction: > 53 
µm particle size; stable fraction: ≤ 53 µm particle size; CWM: community-weighted mean; 
CWV: community-weighted variance; LA: leaf area; LDMC: leaf dry matter content; Hmax: 




Figure A.6. Relationship between canopy community-weighted variance (CWV) in maximum 
height (Hmax) and total basal area (m2 ha-1) in burned and unburned stands. Black line represents 
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Supplemental methods, tables and figures for Chapter 3 
 
Study site 
Shawnee National Forest (SNF) was chosen for this study due to site conditions that 
assist in imposing experimental drought and the increasing use of prescribed fire in the greater 
Ozark region (U.S. Forest Service 2006; Brandt et al. 2014). SNF is located near the xeric 
western margin of broadleaf deciduous forests in North America and south-facing uplands sites 
in SNF are characterized by shallow, well-drained soils where rooting depth is restricted by a 
fragipan (Bazzaz 1968), providing a natural means to restrict deep-rooting species (e.g. Quercus) 
from reaching the water table.  
Natural vegetation in this region is broadly classified as temperate deciduous forest with 
canopies consisting primarily of Quercus and Carya tree species. The region is a western 
extension of the unglaciated Interior Low Plateau with a bedrock of Pennsylvanian and 
Mississippian sandstone and some interbedded limestone. The bedrock is topped with a shallow 
to deep layer of loess on south and north-facing slopes, respectively. Soils are moderately well-
drained silt loams classified as Oxyaquic fraguidalfs or Ultic hapludalfs. High abundance of oak 
and hickory species and relatively low tree densities and basal areas throughout upland sites in 
the Shawnee Hills suggest that periodic, low-intensity fires were historically present in this 






To quantify differences in competitor density across plots, we estimated the percent cover 
of understory (≤ 1.4 m tall) vascular plant species. Total percent cover was quantified in July 
2014, whereas in July 2015, cover was quantified by functional group (trees, shrubs, graminoids 
and forbs). 
We estimated light availability in each plot in June and August 2015 using a line 
quantum light sensor (LI-COR 191, Lincoln, NE, USA). On cloudless days, we quantified 
photosynthetically active radiation (PAR) in canopy gaps and took twelve replicate 
measurements at ground-level that spanned the area of each plot. Light availability was 
quantified as the plot-level PAR reading divided by the PAR reading of the canopy gap (%). Due 
to time-dependent nature of sunflecks in the forest understory, we measured PAR in the morning 
and afternoon and averaged the readings. 
Photosynthetic light response curves were measured in the field on intact leaves using an 
LI-6400 Portable Photosynthesis System (LI-COR, Lincoln, NE, USA). We used the leaf 
chamber fluorometer with built-in red + blue light-emitting diode light source (LI-COR 6400-
40). Chamber conditions were set to 400 ppm [CO2], and 400 mol s-1 air flow while temperature 
and humidity were set and maintained at ambient levels during each measurement. 
Measurements were taken between 10:00-16:00 to minimize daily fluctuations due to dawn and 
dusk. Leaves were given 30 min to reach equilibrium under dark conditions prior to initiating the 
light curve. In 2014, measurements on natural juveniles were taken at light levels of 0, 50, 100, 
200, 400, 600, 1000, 1500 µmol photons m-2 s-1. The light response curves were simplified in 
2015 with measurements taken at 0, 250, and 1500 µmol PAR m-2 s-1 for both natural and 
planted juveniles. For 2014 and 2015, we define light-saturated photosynthesis rate (Amax) and 
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leaf stomatal conductance (gmax) as rates measured at 1500 µmol photons m-2 s-1. A minimum 
wait time of 300 seconds was used at each light level. Photosynthesis, stomatal conductance and 
transpiration rates were logged automatically when the coefficient of variation (CV) of 
intercellular CO2 concentration (Ci) fell below 0.5%.  
 
Laboratory methods 
A pair of activated anion and cation membranes (6.0 x 2.5 cm) were installed at 0-6 cm 
depth in each subplot and left in situ for 30 d (July – August 2014, 2015). After removal, 
membranes were cleaned with DDI water and refrigerated until extraction in 2 mol/L KCl. KCl 
extracts of ion-exchange membranes were filtered through 0.7-µm Whatman filter paper and 
frozen (-20 °C) until analysis. Extracts were analyzed for NH4+-N using the phenolate method, 
NO3- plus NO2- -N (hereafter referred to as NO3-) using a cadmium column reduction on a Lachat 
QuickChem 8500 (Hach Company, Loveland, Colorado, USA). Following correction for 
laboratory and field blanks, nutrient availability is presented as µg N cm-2 month-1. 
To determine LNC, we used leaves from natural (n = 42) and planted (unclipped only; n 
= 34) individuals harvested for leaf water potential and analyzed each for LNC on a mass-basis 
(mg N g-1) using gas chromatography. Leaves were harvested in early August 2014 and 2015 for 
natural juveniles. For planted individuals, leaves were collected in August 2015 from unclipped 
(n = 24) individuals. LNC was determined on a mass-basis (mg N g-1) using gas chromatography 
(Costech Elemental Analyzer, Valencia, CA USA). Leaves were dried for 48 h at 65 °C and 




Tables and Figures 
Table B.1. Allometric relationships used to calculate aboveground biomass (AGB) of small (≤ 25 cm initial height) and large 
natural and planted Q. alba seedlings. A single equation was not appropriate because (1) it overestimated the biomass of small 
seedlings and (2) leaf count had to be excluded from the equation for planted seedlings because leaf out was incomplete during the 
first census.  
Population Size class AGB (grams) n P R2 
Natural Small -0.71+(0.48*Diam_mm)+(0.01*Height_cm)+(0.05*Lvs) 197 < 0.001 0.611 
Natural  Large -8.71+(1.74*Diam_mm)+(0.08*Height_cm)+(0.30*Lvs) 38 < 0.001 0.900 
Planted Small -0.62+(0.5*Diam_mm)+(0.03*Height_cm) 197 < 0.001 0.579 





























Intercept 6.615 0.541 0.144 < 0.001 
SWC (0-15 cm) 2.645 9.534 0.049 0.782 
Fire 0.436 0.643 0.191 0.508 
log (basal area) 0.349 0.226 0.188 0.129 
Drought -0.623 0.499 -0.290 0.217 
Year -1.056 0.672 -0.486 0.121 
Understory cover -0.071 0.022 -0.508 0.002 
SWC (0-15 cm) x Fire 19.425 10.556 0.358 0.071 
Fire x log(basal area) 0.852 0.358 0.459 0.020 
Drought x Year 1.814 0.831 0.834 0.033 
Drought x Understory cover 0.099 0.029 0.709 0.001 
 
*Standard deviation of random effects = 0.97, n = 85;  



















Intercept 0.100 0.010 0.440 < 0.001 
SWC (0-15 cm) 0.086 0.162 0.095 0.598 
Fire 0.002 0.012 0.044 0.867 
log (basal area) 0.009 0.003 0.280 0.005 
Drought -0.021 0.008 -0.595 0.013 
Year -0.038 0.011 -1.043 0.002 
Understory cover -0.001 0.000 -0.534 0.002 
SWC (0-15 cm) x Fire 0.385 0.177 0.426 0.034 
Drought x Year 0.055 0.014 1.533 < 0.001 
Drought x Understory cover 0.001 0.000 0.589 0.007 
 
*Standard deviation of random effects = 0.019, n = 85;  
marginal R2 = 0.25, conditional R2 = 0.53; explained variance = 0.56 
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Intercept 6.49 0.44 0.13 < 0.001 
SWC (0-15 cm)  -0.36 7.10 -0.01 0.960 
Fire -0.47 0.61 -0.24 0.454 
log (basal area) 0.10 0.39 0.05 0.801 
SWC (0-15 cm) x Fire 26.64 10.62 0.65 0.019 
SWC (0-15 cm) x log(basal area) -0.47 8.88 -0.01 0.958 
Fire x log(basal area) -0.55 0.51 -0.31 0.292 
SWC (0-15 cm) x Fire x log(basal area) 22.96 11.36 0.60 0.055 
 
*Standard deviation of random effects = 0.11, n = 46;  


















Intercept 0.08 0.01 0.25 < 0.001 
SWC (0-15 cm)  0.05 0.10 0.08 0.621 
Fire -0.01 0.01 -0.50 0.150 
log (basal area) 0.00 0.01 0.05 0.826 
SWC (0-15 cm) x Fire 0.35 0.15 0.60 0.025 
SWC (0-15 cm) x log(basal area) 0.00 0.12 -0.01 0.979 
Fire x log(basal area) -0.01 0.01 -0.28 0.320 
SWC (0-15 cm) x Fire x log(basal area) 0.29 0.16 0.53 0.077 
 
*Standard deviation of random effects = 0.01, n = 46;  



















Intercept 0.016 0.004 -0.115 0.001 
SWC (0-15 cm) -0.239 0.133 -0.154 0.075 
Fire 0.010 0.008 0.198 0.247 
log (basal area) -0.007 0.003 -0.164 0.050 
Site -0.017 0.010 -0.341 0.116 
SWC (0-15 cm) x Fire 0.474 0.193 0.306 0.015 
Fire x log (basal area) 0.011 0.005 0.278 0.033 
Fire x Site 0.030 0.015 0.602 0.057 
 
*Standard deviation of random effects = 6.28 x 10-7, n = 255;  











Table B.7. Selected model for relative growth rate (RGR) of planted Quercus alba seedlings from 2014 - 2015. 
Variable Parameter Estimate 





Intercept 0.55 0.12 -0.07 < 0.001 
SWC (0-15 cm)  1.91 1.62 0.08 0.240 
Fire -0.21 0.14 -0.17 0.167 
Clipping 0.38 0.15 0.32 0.013 
log (basal area) -0.46 0.06 -0.43 0.000 
Site -0.17 0.11 -0.15 0.124 
SWC (0-15 cm) x Fire 1.27 2.10 0.05 0.546 
SWC (0-15 cm) x Clipping -7.40 2.00 -0.29 0.000 
Fire x Clipping 0.38 0.19 0.32 0.047 
 
*Standard deviation of random effects = 0.11, n = 402;  















Figure B.1. Rainout shelter (16 m2) constructed from clear 0.15 mm polyethylene greenhouse 
fabric and suspended 2 m above the ground using paracord tied to nearby adult trees. Shelters 




































Figure B.2. Mean (± SE) gravimetric soil moisture content (%) by depth and drought treatment 
in (a) 2014 and (b) 2015. Values are averaged across plots, sites and fire treatment.  
Significant pair-wise differences between ambient and drought treatments for each depth are 








Figure B.3. Mean (± SE) photosynthetically active radiation (PAR) as a percent of open sky 
PAR across drought and fire treatments. Means were calculated from measurements taken in 
June and August 2015. Different letters denote significant pair-wise differences between 















Figure B.4. Mean (± SE) leaf nitrogen content (LNC) of (a) small (basal area ≤ 0.4 cm2) and 
large, natural Q. alba juveniles and (b) unclipped, planted juveniles across drought and fire 
treatments. Data were pooled from August 2014 and 2015 for natural juveniles while data for 
planted individuals are from August 2015 only. Different letters denote significant pair-wise 






Figure B.5. Seasonal mean (± SE) (a) photosynthetic and (b) leaf conductance light response 
curves from June to August 2014 and 2015 of small (basal area ≤ 0.4 cm2) and large, natural Q. 
alba juveniles across drought and fire treatments, where PPFD represents the photosynthetic 
photon flux density at the leaf surface and An and gs are the mean (± SE) net C assimilation and 
stomatal conductance rates, respectively. Significant differences between ambient and drought 






Figure B.6. Drought-induced change (drought – ambient) in plot-level mean light-saturated leaf 
conductance (gmax) of (a) small (basal area ≤ 0.4 cm2) and large, natural Q. alba juveniles and 
(b) unclipped and clipped, planted Q. alba juveniles as a function of drought-induced change in 
gravimetric soil water content (SWC; 0-15cm). Values are interannual means (June to August 
2014 and 2015) for natural juveniles and seasonal means (June to August 2015) for planted 
individuals. Black lines represent significant regressions with 95% CI. 
 
 





Figure B.7. Seasonal mean (± SE) (a) photosynthetic and (b) leaf conductance light response 
curves of unclipped and clipped, planted Q. alba juveniles across drought and fire treatments, 
where PPFD represents the photosynthetic photon flux density at the leaf surface and An and gs 
are the mean (± SE) net C assimilation and stomatal conductance rates, respectively. 
Measurements were taken in June to August 2015. Significant differences between ambient and 
drought treatments across all light levels are indicated with asterisks (*P < 0.05, **P < 0.01, 




Figure B.8. Relative growth rate (RGR) of burned and unburned small (basal area ≤ 0.4 cm2) 
and large natural Q. alba juveniles as a function of mean 2014-2015 gravimetric soil water 
content (SWC; 0-15cm depth). RGR was calculated using allometrically-derived aboveground 
biomass estimated from basal diameter, height and leaf count measurements collected in May, 





Figure B.9. Relative growth rate (RGR) of unclipped and clipped Q. alba juveniles planted in 
burned and unburned plots as a function of 2015 gravimetric soil water content (SWC; 0-15cm 
depth). RGR was calculated using allometrically-derived aboveground biomass estimated from 
basal diameter, height and leaf count measurements collected in May and August, 2015. Black 













     
Figure B.10. Relationship between plot-level mean (± SE) leaf nitrogen content (LNC) and 
mean (± SE) light-saturated photosynthesis rate (Amax) for (a) small (basal area ≤ 0.4 cm2) and 
large natural juveniles and (b) unclipped, planted Q. alba juveniles across fire and drought 
treatments. Data for natural juveniles were averaged across 2014 and 2015. LNC of natural 
juveniles was positively related to Amax after controlling for SWC, fire treatment, juvenile size 
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Supplemental tables and figures for Chapter 4 
Tables and Figures 
Table C.1. Relationship between ring-width index curve and candidate climate indices as 
determined by linear regression. Adjusted R2 and significance of each relationship is reported. 
Climate indices were extracted for both 7-month (Apr – Oct of present year) and 19-month time 
windows (April of prior year – Oct of present year). The ring-width index curve was obtained 
using all sampled individuals across all treatments. 
 
†
PET: potential evapotranspiration; SPEI: standardized precipitation evapotranspiration index, 
calculated at 1 to 12 month time scales; SAI: summer aridity index; CWD: climate water deficit.  














 7-month 19-month 
Precipitation 0.07* 0.11** 
Stress index 0.06* 0.04* 
PET 0.13** 0.23*** 
SPEI-1 month 0.11** 0.18** 
SPEI-3 month 0.09** 0.14** 
SPEI-6 month 0.06* 0.10** 
SPEI-12 month 0.04 0.06* 
SAI 0.06* 0.19*** 
CWD 0.08** 0.18*** 
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Table C.2. Water stress index for each respective year designated as 'dry' or 'wet'. REWj is the 
number of cumulative days with relative extractable water (REW) < 0.4. 
Type Year REWj Water Stress Index 
Dry 1953 28.60 71.51 
Dry 1954 11.25 28.12 
Dry 1964 9.10 22.75 
Dry 1980 12.98 32.44 
Dry 2007 13.32 33.30 
Dry 2012 23.12 57.80 
Wet 1957 0.00 0.00 
Wet 1962 1.73 4.33 
Wet 1982 0.00 0.00 
Wet 2008 0.06 0.15 


























Figure C.1. Plot-level mean (± SE) (a) basal area (BA, m2 ha-1) and (b) stem density (individuals 
ha-1) of adult trees (≥ 10cm DBH) for unburned controls, annual and periodic burned (every four 
years) plots during each measurement year (1950, 1964 and 2013). Data from Knapp et al. 






Figure C.2. Size-class distribution of adult trees (≥ 10 cm DBH) in 2013 for unburned controls, 
periodic and annual burned treatments. Dashed lines indicate the mean DBH for each treatment. 




Figure C.3. Predicted effect of PET on ln(BAI), grouped by fire treatment. Gray bands represent 
95% CI.  
 
 
 
 
 
 
 
 
 
 
 
 
 
